Hierarchical responses to organic contaminants
in aquatic ecotoxicological bioassays:
from microcystins to biodegradation

Katia Montenegro

Department of Ecology
Chemical Ecology and Ecotoxicology
Lund University
Lund 2008

Hierarchical responses to organic contaminants
in aquatic ecotoxicological bioassays:
from microcystins to biodegradation

Katia Montenegro

Dissertation
Lund 2008

A doctoral thesis at a university in Sweden is produced either as a monograph or as a
collection of papers. In the latter case, the introductory part constitutes the formal
thesis, which summarizes the accompanying papers. These have either already been
published or are manuscripts at various stages (in press, submitted or in ms).

Cover design by Aldo Montenegro and idea by Katia Montenegro

© 2008 Katia Montenegro
ISBN 978-91-7105-279-7

Contents

Page

Introduction

1

Population ecotoxicology with the cyanobacteria
Microcystis aeruginosa (Paper I)

3

Trade-offs in population ecotoxicology: growth vs.
toxin production in M. aeruginosa (Paper II)

4

Species interactions in ecotoxicology: Daphnia–algae
(Paper III)

6

Community ecotoxicology: diversity–productivity
relationships in Chlorophyta (Paper IV)

7

Processes that determine water quality in ecotoxicology:
biodegradation and nitrogen cycling (Paper V)

10

References

11

Acknowledgments

15

This thesis is based on the following papers, which are referred to by their Roman
numerals:
I.

Bengtsson, G and Montenegro, K. Growth or microcystin production
preserved in pesticide–exposed cyanobacteria?. (Manuscript)

II.

Montenegro, K. and Bengtsson, G. Costs and benefits of toxin production in
herbicide–stressed Microcystis aeruginosa. (Manuscript)

III.

Bengtsson, G., Hansson, L-A. and Montenegro, K. 2004. Reduced grazing
rates in Daphnia pulex caused by contaminants: implications for trophic
cascades. Environmental Toxicology and Chemistry, 23, 2641-2648.

IV.

Montenegro, K. and Bengtsson, G. Diversity – productivity relationships in
pesticide–exposed Chlorophyta communities. (Manuscript)

V.

Montenegro, K., Barmen, G. and Bengtsson, G. Contribution of groundwater
residence time and biodegradation to persistence and effects of pesticides in
aquifers. (Manuscript)

Paper III is reprinted with permission from the publisher

Introduction
The need to use ecological theories in ecotoxicology (putting the eco) is a
continuous and old claim given the historical preference on the development and
standardization of test systems, and on using traditional test results for risk assessment
of chemicals, leaving behind to strengthen the scientific basis of the field (Cairns,
1988; Clements and Kiffney, 1994; Van Straalen and Løkke, 1997; Rohr et al., 2006).
The ecological consequences of environmental contamination are determined
by a complex interplay of cause and effect at different hierarchical levels (Cairns et
al., 1995). For example, contaminant effects occur at the individual level and the
responses are manifested at the population level, so the dynamics of entities at one
level of organization constitute the mechanisms that determine the dynamics at the
next higher level of organization (Suter, 1995). Chemicals have unique effects at
different levels of complexity and time-space scale, so the effects of contaminants
identified will depend on what is measured, where it is measured, and how long it is
measured (Cairns et al., 1995). Hence, without a better theoretical understanding of
how effects at various levels of biotic and abiotic organization interact, we will stand
little chance of making sense out of even the most standardized and harmonized data
(Van Straalen and Løkke, 1997).
The traditional demographic parameters mortality, growth and fecundity rates
are the most commonly used population endpoints in risk assessment (Suter, 1995).
Among them, population growth rate is considered to provide the best summary
statistics to measure the adverse impact of contaminants on the net population fitness
given that it is the average result of changes in survival or fecundity of all individuals
within the population (Sibly and Hone, 2002), and the most commonly used endpoint
for algae (Lewis, 2003). In Paper I, the sensitivity of growth rate to detect effects of
two organic contaminants was compared with the one of a novel endpoint based on
cyanobacterial toxin production.
Stress, phenomena that all organisms regularly experience, can trigger changes in
the dynamics of resource allocation by favouring one trait over others if metabolic
costs are increased in response to stress. For example, there should be a trade-off
between capacity to survive and growth rate or reproduction output (Calow, 1991).
Trade-offs have received relatively little attention in ecotoxicological testing in spite
of the impact that they may have on single traits such as survival, growth, and
reproduction of species, which at the same time are the most commonly assessed
endpoints (Benjamin and Klaine, 1995). In Paper II, I explore the combined impact of
an herbicide and growth-limiting factors, such as light and phosphorus, in triggering a
potential trade-off between growth and toxins production in cyanobacteria.
A prominent interaction in aquatic systems is between herbivores and
producers (e.g., zooplankton–algae interaction) and has been the focus of many
laboratory and field studies in basic and applied ecology, and one of the most clear
cases in which contaminants can affect interspecific competition (species interaction)
(Atchison et al., 1996; Relyea and Hoverman, 2006). The classical example is the
phytoplankton bloom after competitive release (i.e., decreased grazing pressure) due
to direct effects of insecticides on zooplankton (Hurlbert, 1975). In paper III I
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quantify the direct (top-down trophic cascade) and indirect (bottom-up) impact of two
contaminants on the interaction between green algae and Daphnia.
The characterization of species assemblages has a long history in
environmental assessment and has helped to gain many insights about the impact of,
for example, nutrient enrichment and xenobiotics, on the intermediate complex
hierarchical level represented by communities (Schindler, 1987; Ford, 1989; Clements
and Newman, 2002; Stevenson and Smol, 2003). The relationship between structural
and functional properties of a community is a classical challenge in basic disturbance
ecology that has been undertaken in ecotoxicology to understand the dynamics in
responses to contaminants (Sheehan, 1984; Levine, 1989; Pratt and Cairns, 1996;
Clements and Newman, 2002). In paper IV, the impact of two pesticides on the
diversity–productivity relationship in Chlorophyta communities was clarified on a
bivariate plane in a first attempt to my knowledge.
Contamination of groundwater by pesticides, their metabolites, and nitrate, is a
result of the widespread use of agricultural chemicals around the world, especially in
surficial (shallow) aquifers, and particularly beneath agricultural lands (Böhlke and
Denver, 1995; Johnston et al., 1998; Johnson et al., 2003; Thayalakumaran et al.,
2008). Microbial processes play important roles in nutrient cycling (e.g., nitrification
and denitrification) and natural attenuation of contaminants (biodegradation) which
are important determinants of ecosystem fertility and water quality (Alexander, 1994;
Pell et al., 1998; Kemp and Dodds, 2002), especially in some environments as
groundwater, where they may be the sole means of transformation (Alexander, 1994).
In Paper V I attempted to estimate the contribution of residence time of groundwater
to the persistence and effects of organic contaminants in aquifers along sites with a
gradient of contamination in the selected area of León-Chinandega (Nicaragua).
I used the approach of calculating replicated point estimates of percentage
inhibition (or stimulation) concentration to estimate the nature and magnitude of the
effects of contaminants (Cooney, 1995), due to practical limitations and to the
complexity in experimental designs that prevented me to develop traditional toxicitytesting that usually includes the calculation of EC50’s and associated parameters for
risk assessment. I focused mostly on supporting ecological epidemiology by providing
mechanistic explanations that could be used to interpret the occurrence and magnitude
of effects and prove causation at higher scales (Suter, 1995). I made an additional
effort in comparing the magnitude of the effect of contaminants with the effects of
natural stressors (biotic and abiotic) on the studied endpoints.
The general aim of the thesis was to gain new insights into ecotoxicological
effects of organic contaminants on population and community interactions in aquatic
environments. This was accomplished by the design and implementation of bioassays
with aquatic organisms at different trophic levels to identify dose-effect relationships
of selected pesticides and one metabolite. The bioassays used novel ecotoxicological
endpoints or approaches at different hierarchical levels to elucidate the effects of
exposure to contaminants and part of them were aimed at standardizing cost-effective
(cheap and sensitive) methodology for routine chronic toxicity protocols. The
experimental projects were developed following a sandwich model in a way that some
of the bioassays were performed in Sweden to take advantage of the technology and
to acquire knowledge, and others in Nicaragua to share experience with fellows at
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CIRA-UNAN in an attempt to hybridize and exchange experience and technology to
overcome limitations that permitted me to perform ecotoxicology in both places. The
practical spin-offs of the thesis are i) to contribute to the advancement of Nicaraguan
water quality guidelines for pesticides, and ii) to enforce legal restriction on import
and use of internationally forbidden pesticides in Nicaragua.
The environmental sequels after the insecticide DDT, “the magic dust”, and
the modern success of “the once-in-a-century herbicide” glyphosate have inspired my
almost constant effort in comparing the effects of the two compounds that have
different physical chemical properties, and modes, and sites of action in the bioassays.
The organic contaminants of interest in this thesis were in order of importance: the
herbicide glyphosate, the insecticide metabolite pp'-DDE (the main metabolite of
DDT), and the organophosphate insecticide fenthion. All are commonly found or
widely used in my study area in Nicaragua (the León-Chinandega ecosystem).

Population ecotoxicology with the cyanobacteria Microcystis aeruginosa (Paper I)
Microcystins are the predominant natural toxins in freshwater lakes
worldwide, produced by some cyanobacterial genus (e.g., Microcystis), and are
considered as health hazards for wildlife and human populations (Carmichael, 1992;
Chorus and Bartram, 1999). The absence of data on effects of pesticides or their
metabolites on microcystin production motivated me to introduce it as a novel
physiological endpoint for toxicity testing. I used the bioassay to test whether i)
growth and toxin production of M. aeruginosa NIVA–CYA 228/1 were negatively
related to the exposure concentrations of the contaminants (an insecticide metabolite
and a herbicide) due to their expected inhibitory action on growth and the positive
correlation between growth and toxin production, or ii) growth was more impaired
than toxin production.
Glyphosate when dosed at the lowest concentration (Gly I=5 mg/L) reduced
growth and MC–RR production (the main contributor to the MCs pool in the controls)
in similar percentages, while increased the production of the most toxic microcystin
analog MC–LR. When dosed at the highest concentration (Gly II=50 mg/L), it
reduced growth and MC–LR production to the same extent, and at least extent MC–
RR production. Additionally, when glyphosate was dosed at Gly I, it also affected the
intracellular microcystin relative abundances by favouring the accumulation of MC–
LR (from 15 to 50 %) over the accumulation of MC–RR (from 85 to 50 %). Light–
limitation in the DDE bioassay produced a die-off in all cultures because they were
performed in a fume hood. However, the treated cultures presented higher decay and
MC–LR lost rates, and lower MC–RR production rates than the controls.
In summary, the accumulation of the most toxic analog MC–LR was favoured
over the accumulation of the less toxic analog MC–RR under exposure to glyphosate
at 5 mg L-1, while MC–RR was the favoured one in light-limiting conditions and
under exposure to pp'-DDE. This favouritism may depend on differential costs or
affordability of production for each microcystin analog. The classical ecotoxicological
endpoint, growth, was equally (MC–RR) or less sensitive (MC–LR) than microcystin
production, but more robust and consistent in detecting the effects of glyphosate and
pp'-DDE on M. aeruginosa. However, the poor temporal correlation of the
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intracellular microcystin data, especially those of MC–RR, suggested us the
possibility that both contaminants could have influenced microcystin export, either
limiting or stimulating the releases to the surrounding media.
My contributions to the study of microcystin metabolism were:
i.

ii.

iii.

To analyze the production of each analog independently, which in turn
permitted me to notice the uncoupling between growth and microcystin
production
To provide evidences that organic contaminants may disrupt the coupling
between growth and toxin production in cyanobacteria and favour the
production of one analogue over the other
To report that growth is a robust and consistent endpoint to detect effects
of contaminants in M. aeruginosa

Trade-offs in population ecotoxicology: growth vs. toxin production in M.
aeruginosa (Paper II)
The motivating results from the paper I inspired me to continue exploring the
response to glyphosate in the relationship between growth and toxin production in an
experiment designed to test for the existence and magnitude of a potential trade-off
between the traits, combined with manipulation of different light regimes and
phosphorus concentrations in order to compare their influence as driving-forces for
the trade-off. However, this time, I used another strain of M. aeruginosa, the PCC
7806 (the wild type) that mainly produces the most toxic analogue MC–LR and to a
minor extent its demethylated variant [D–Asp3]MC–LR (less toxic), along with its
mutant unable to produce microcystins, the PCC 7806 ∆mcyB (the mutant). Hence, I
could calculate costs of microcystin production in metabolic terms (comparison of
ATP cell quota in the mutant vs. wild type) and in ecological terms (ratio of growth
rates in the mutant/wild type). Additionally, I measured the intracellular and
extracellular microcystin pools during the three sampling occasions (0, 7 and 14
days).
The trade-off (negative functional interaction) was only detected when the
cultures were incubated under photoperiods longer than 8 h of light (12:12 and 16:8),
with differential patterns per microcystin analogue, time of incubation and exposure
concentration. Growth was the definitively favoured trait during the first week of
exposure, and less favoured over toxin production during the second week. The
metabolic and ecological costs involved in microcystin production are higher during
the first week of incubation and minimized afterwards. Glyphosate conferred
additional ecological advantages to the mutants expressed in terms of tolerance, and
especially when dosed at the highest tested concentration (40 mg/L). However, the
herbicide seems also to confer benefits to the exposed wild type cultures in the second
week of incubation by either increasing toxin production or inhibiting the extracellular
releases to the medium. In general, the production of MC–LR seem to be favoured
over the one of [D–Asp3]MC–LR in the first seven days of incubation, and such
favouritism minimized in the last week of incubation when both productions tended to
be similar or even slightly higher for [D–Asp3]MC–LR.
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Glyphosate could not invert the nature of the interaction between both traits,
neither in the phosphorus experiments (positive relationship) where cells were pre-Pstarved, nor when the cultures were incubated under the shortest photoperiod of 8 h of
light, where all controls and treatments had a negative interaction between traits. In
the same experiments, glyphosate showed an impressive reduction of its herbicidal
action on the cyanobacterial cells. The remarkable increased tolerance to glyphosate
observed in the P experiments for both strains, more obvious however in the
susceptible wild type cells, could be explained by the possibility that glyphosate was
utilized as a phosphate source by cyanobacterial cells that were pre P–starved. This is
in agreement with the findings that P–starved and glyphosate exposed Anabaena
variabilis L. increased its extracellular alkaline phosphatase activity compared with a
control and grew successfully (Ravi and Balakumar, 1998). The authors hypothesized
that the high excretion of alkaline phosphatase into the medium cleaved the C–P bond
in glyphosate and allowed Anabaena to utilize it as a phosphate source. However, this
mechanism to detoxify and extract P at the same time is not general among
cyanobacteria. The significantly higher ATP quotas in the wild type cells compared to
the mutants in the first seven days of incubation in the P bioasssays, especially when
the cells were re-inoculated in P-free-medium (Z8-), take me to hypothesize that the
mutant probably has a poorer or less efficient ability to mobilize the stored
phosphorus and transfer it to ATP, which is known to occur under phosphorus
deficiency (Cembella et al., 1984). This may imply a potential role of microcystins
into phosphorus storage dynamics.
The negative production rates calculated for [D–Asp3]MC–LR, the rather
constant relative contribution of the analogue to the intracellular microcystin pool,
and the low extracellular concentrations detected during the first week of incubation
in the light experiments might imply that the [D–Asp3]MC–LR pool is not stable and
that the compound is synthesized, used, and replenished constantly under the given
culturing conditions. This turnover of the analogue seems to be triggered by
glyphosate when the cultures were incubated under the 12:12 photoperiod (at 15 and
40 mg/L) and under the longest photoperiod (16:8, all treatments). Surprisingly the
same phenomenon was also evident in controls and treatments of the cultures
incubated under the shortest photoperiod (8:16), which additionally might imply that
under light scarcity situations this turnover might be genetically induced in M.
aeruginosa. The potential turnover of microcystins, only detectable for [D–Asp3]MC–
LR and not in MC–LR take me to hypothesize that there are differential costs of
production per analogue. MC-LR is probably the more expensive to produce and
hence conserved and seeming to be less labile than [D–Asp3]MC–LR, given that was
always the main contributor to the intracellular MCs pool, and only sacrificed under
extreme situations like in the longest photoperiod (16:16) and under exposure to the
highest glyphosate concentration. The different rates of metabolic turnover for the
MC analogues is in agreement with varying turnover rates in allelopathic compounds,
from high rates of the polyphenol phlototannin in tropical brown algae (Arnold and
Targett, 2000) to low rates for terpenoids in terpene-accumulating families (e.g.,
Mentha piperita and Pinus contorta) (Gershenzon, 1994). This light-induced turnover
of [D–Asp3]MC–LR and the potential role of microcystins into phosphorus storage
dynamics might imply multi-functional roles of the toxins, as suggested by Young et
al. (2005) that by immunogold labelling localized microcystins preferentially
associated with the thylakoids and polyphosphate bodies-periphery in my study strain.

5

Microcystins may also have an extracellular role as stress signalers, evidenced
by the finding of the highest microcystin concentrations in the medium at the
beginning of all the assays, especially in the pre P-starved cultures. Additional
evidences for this possibility is the differential composition of the extracellular pool
(50:50 or 60:40, MC–LR:[D–Asp3]MC–LR) compared to the intracellular (70:30).
The export of MCs has been usually been attributed to cell lysis (Paerl, 1988; Orr and
Jones, 1998; Chorus and Bartram, 1999), but active excretion can't be ruled out given
that a putative toxin exporter gene has been identified in the PCC 7806 strain (Pearson
et al., 2004).
Growth seems to be a conservative trait in M. aeruginosa, which makes it the
strongest endpoint to detect effects of contamination over microcystin production.
However, microcystin production, and especially [D–Asp3]MC–LR production was
more responsive to glyphosate in time and at lower concentrations, that is, more
sensitive, which is another desirable characteristic of ecotoxicological endpoints.
My contributions to the ecology of cyanobacteria were:
i.

ii.
iii.
iv.
v.

To test the existence and magnitude of a trade-off between growth and
toxin production when the cultures were incubated under photoperiods
typical from the tropics and during summer in temperate countries and
after exposure to the herbicide glyphosate
To quantify costs of microcystin production in metabolic (ATP) and in
ecological terms (growth and tolerance to pollution)
To provide evidences that M. aeruginosa has the potential capability to
degrade glyphosate when cultures are pre-P starved
To provide evidences of microcystin turnover ([D–Asp3]MC–LR)
To provide evidences of the possible involvement of microcystins in three
physiological roles: mobilization of stored phosphorus, stress signaler and
light adaptation

Species interactions in ecotoxicology: Daphnia–algae (Paper III)
Daphnids are key species in freshwater ecosystems, e.g., as grazers on
phytoplankton, and a favourite food item for many predators (Brett and R., 1996;
Scheffer, 1998). Their ability to feed efficiently is at the same time their success and a
major disadvantage because, in doing so, they are more exposed to contamination and
thus more susceptible. The density-dependent grazing rate of Daphnia pulex preexposed to pp'-DDE (insecticide metabolite) and glyphosate (herbicide), via water or
food (Scenedesmus spp.), was assayed in bioassays. The contaminant uptake and
turnover pattern in D. pulex and Scenedesmus spp. was determined from parallel
experiments with 14C labeled compounds.
There was an inverse linear relationship between the net growth rate of
Scenedesmus spp. and the density of D. pulex. In general, the slopes of the controls
were steeper than for the treatments, suggesting that grazing became less efficient in
D. pulex that were pre-exposed to the contaminants. The loss of grazing efficiency
was, however, only significant for D. pulex pre-exposed to pp'-DDE via water (~30%
compared to the control) and to glyphosate via Scenedesmus spp. (~40%). The
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reduced grazing efficiencies were associated with the treatments that gave the highest
body burden of pp'-DDE, and surprisingly, the lowest of glyphosate.
This decreased grazing efficiency after pre-exposure to glyphosate via food
was not a direct effect of the contaminant on D. pulex as in the case of p,p’-DDE, but
most likely an indirect effect probably mediated by the low concentration of
glyphosate that D. pulex accumulated during the pre-exposure and metabolized during
the experiments that in turn could have stimulated Scenedesmus spp. growth.
Glyphosate, when dosed at very low concentrations similar to the one calculated from
the 14C-labelled parallel assays has been shown to stimulate chlorophyll-a synthesis in
S. quadricauda (potential bottom-up effect), probably as a result of its nitrogen or
phosphorus content, while at moderate concentrations it had no influence (Wong,
2000).
My contributions to ecotoxicology were:
i.

ii.

To determine that grazing efficiency in D. pulex was more sensitive (15×
for glyphosate and 3× for pp'-DDE) as an ecotoxicological endpoint than
the 48h-LC50 for glyphosate and my estimated 48h-LC50 for pp'-DDE
(13.5 µg/L)
To provide evidences that indirect effects of contaminants may be at least
as important as direct effects

Community ecotoxicology: diversity–productivity relationships in Chlorophyta
(Paper IV)
I varied algal diversity (i.e., the number of species) and the concentration of
the herbicide glyphosate and the organophosphate insecticide fenthion to test for
effects of combinations of them on community productivity. Communities with
different number of Chlorophyta species (2, 4, 8 and 16) but the same total initial
biomass (~ 200 µg L-1 Chl) were exposed to three concentration levels of the
pesticides (applied separately) during 7 days in laboratory bioassays. Genus
representativeness and expected susceptibility /tolerance to glyphosate were
considered in assembling communities in part of the batches, while in the rest, the
communities were randomly composed.
Our general results showed that the relationship between diversity and
productivity for the Chlorophyta communities was unimodal (concave), regardless of
species composition, and composed by an ascending part that peaked at a diversity of
4 spp. and a descending part that usually ended at the highest diversity (16 spp.), but
in some instances either saturated or saturated and continued decreasing. These results
do not support any specific hypothesis for the relationship between diversity and
productivity, but a hybrid of hypotheses including the diversity-productivity
hypothesis, the redundant hypothesis, and the idiosyncratic hypothesis. This humpshaping in the relationship probably happened due to competition for limiting
resources in my initially dense communities that probably limit the environment
carrying capacity to a number of available roles at 4 species to maximize productivity,
but with potential to be between 4 and 7 spp. This is in agreement with observations
of low primary producer diversity in many high productivity ecosystems around the
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world, including algal blooms, salt and freshwater marshes, riparian forests in the
tropics and temperate zones (Huston and McBride, 2004).
However, in two batches that had the same species composition, I observed
idiosyncratic convex relationships with different amplitudes, surprisingly presenting
their minimums at the observed maximums (4 spp.) of the hump-shaped relationship
in the other batches after the replacement of a single species and hyperdominance of
other species. These species-specific impacts on the diversity–productivity
relationship were the hidden treatments in the bioassays, and highlighted the
important roles of algae-bacteria associations (fenthion batch I and glyphosate batch
II, Cosmarium botrytis case) and dominance (glyphosate batch II, Chlorella fusca
case). The bacteria associated with the non-axenic culture of C. botrytis were capable
of switching the concave relationship to a convex relationship, most likely by
enhancing resource exploitation and competing with algae (including its host), due to
the large portion of total uptake of inorganic nutrients that they account for
(Kirchman, 1994), and hence reducing algal productivity (Loreau et al., 2001).
However, the competitive effect of bacteria on algal productivity was slightly
outweighed at the highest diversity (16 spp.), giving credit to the idea that biodiversity
acts as a “biological insurance” against the disruptive effects of environmental
fluctuations on ecosystem functioning (Loreau, 2000; Hector and Bagchi, 2007). The
important role of primary producer-microbe interaction on the relationship between
diversity and productivity has been recognized in algae-bacteria and arbuscular
mycorrhizal (AMF) associations and usually explained by nutrient availability
dynamics (Klironomos et al., 2000; Naeem et al., 2000; Van Der Heijden and
Cornelissen, 2004).
Niche complementarities (Tilman et al., 1997; Loreau, 1998; Hector et al.,
2004; Hille Ris Lambers et al., 2004), competition (Bond and Chase, 2002), and coexistence (redundancy, Loreau, 2000; Mouquet et al., 2002) may provide
mechanistical explanations to the hybrid patterns of the diversity–productivity
relationship, and explain the nature and strength of the operative species interactions.
These general hypotheses and insights can be used to interpret the patterns graphically
on a bivariate plane based on a verbal model inspired by a Bond and Chase’s idea
(2002) (Fig. 1): i) an ascending part may imply the absence of competition for
resources (i.e., niche complementarities), ii) asymptotes may imply redundancy and
mechanisms that promote co-existence, and iii) a descending part might imply
complete competition for resources with steepness depending on the degree of
competition.
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Figure 1. Graphical representation of the mechanisms that could shape and explain
diversity–productivity relationships
Glyphosate did not change the trajectory of the relationship at the lowest and
intermediate diversities, but at the highest diversities acting usually as a buffer for
competition and otherwise as a provoker. The herbicide had an important impact on
the magnitude of the effect of diversity on productivity sharpening the relationship
probably by subsidizing it at almost all assayed concentrations, including its EEC
(Expected Environmental Concentration) for aquatic exposure, and especially at the
highest concentration (50 mg L-1). This was partially expected because the herbicide
may be used as a nutrient source and produce stimulatory effects in primary producers
when dosed at low concentrations (Wong, 2000; Paper III; Cedergreen et al., 2007;
Velini et al., 2008), but this does not apply to the highest assayed concentration. This
was probably influenced by the high initial density of the cultures, which might have
caused important biodilution of the herbicide (Paper III) even at the highest assayed
concentration. Pediastrum boryanum and Tetraedron minimum were not found in one
assemblage treated with the highest concentration, with no obvious impact on
productivity. The results obtained in two attempts, however, brings out the possibility
that glyphosate may have the ability to saturate productivity at lower levels of
diversity (shifting the hump from 8–10 spp. to 4–5 spp.) and change the form of the
relationship from asymptotic to unimodal, probably due to its potential to be utilized
as a nutrients source.
Fenthion as expected had a lower impact on the effect of diversity on
productivity than the one exerted by glyphosate because it is an insecticide, did not
cause species extinctions, and also did not greatly change the pattern of the
relationship. However, it tended to diminish productivity when dosed at
concentrations above its EEC for aquatic exposure (100–1000 µg L-1), especially in
the most productive assemblages, and to increase it at intermediate levels of diversity.
Fenthion is a hydrophobic compound and expected to affect algae only at high

9

concentrations (~1000 µg L-1) (USEPA, 1998; Yeh and Chen, 2006), most likely due
to its disorganization of chloroplasts (Yukimoto 1983). This suggests that the
relationship is more responsive (sensitive) to glyphosate and fenthion than single
species toxicity tests (No Observed Effect Concentration, NOEC = 11 mg/L and 200
µg/L, respectively).
Species composition, on the other hand, had an impact in the level of
productivity reached in the assemblages hence affecting the amplitude of the
relationship diversity–productivity, probably through inclusion or exclusion of
productive or susceptible/tolerant species. In general, my results suggest that
declining and augmenting diversity may result in local changes in productivity that
may be enhanced or buffered by pesticides and easily detectable on a bivariate plane.
My contributions to ecotoxicology in this bioassay were:
i.
ii.
iii.

iv.

To determine graphically the effect of diversity on productivity in the
presence of pesticides
To provide evidences that Chlorophyta can use glyphosate as a nutrient
source
To provide evidences that algae-bacteria interactions are stronger than
pesticides in changing the trajectory of the relationship diversity–
productivity at a local scale
To provide evidences that dominance can buffer the trajectory of the
relationship diversity–productivity

Processes that determine water quality in ecotoxicology: biodegradation and
nitrogen cycling (Paper V)
The general objective of this study was to estimate the contribution of
residence time of groundwater and in situ biodegradation potential to the persistence
and effects of contaminants in aquifers of the selected area of León-Chinandega. To
fulfill the objective we collected ground waters to provide natural inoculates for the
biodegradation, nitrification and denitrification assays, and to be analyzed for water
stable isotopes (Oxygen-18 and Deuterium) and chlorofluorocarbons to determine
recharge sources and apparent ages.
The isotopic results identified three major sub-zones of recharge: the high
altitude recharge area that received small contribution (20 %) from sources below 280
masl (the pristine deep well), the plains that received an equal contribution of
recharge from high and low altitudes (50 %), and the low altitude discharge area that
received the most substantial contribution (75–98 %) from sources below 280 masl.
The apparent age of ground waters is in average 23 years with a range from 16
to 29 years. The apparent CFC ages could not discriminate between the groundwater
from the deep aquifer that was expected to be the oldest and the ground waters from
the plains that were expected to be younger, probably because of the complexity of
the system and the high degree of mixing of waters recharged at different elevations.
The youngest ages derived from CFC-11 concentrations at all studied sites indicate
potential degradation of the chlorofluorocarbon, especially in the discharge area and
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most likely due to poor oxygen conditions. One site situated in the middle of irrigated
fields presented the youngest water probably due to a higher turn over of the water.
Both the pristine deep aquifer and especially the shallow contaminated aquifer
have degradation potential for DDE and glyphosate, and the most contaminated site
may have strains adapted for faster degradation. This was expected since the
microbial activity is expected to be higher in shallow aquifers compared to deep
pristine aquifers, and that degradation occurs more readily at sites previously exposed
to the substrate due to adaptation (Cavalier et al., 1991; Anderson, 1997).
The moderately contaminated sites tested had the highest potentials for
nitrification and denitrification, and the most heavily contaminated the lowest for
nitrification, most probably due to the presence of toxaphene. The three sites located
at the discharge area presented higher denitrifying activity than the spring located in
the plains which coincides with the lower in situ NO3 concentrations in the former
sites. Denitrification was less affected by contamination than nitrification.
The persistence of the in situ contaminants is not explained by the apparent
age of water or the provenience. A combination of age tracers should be used to
resolve the age distribution in the area due to the complexity of flow paths and mixing
of waters.
My contributions with this study were:
i. To show that, in nature, microbial processes are responsive to
contamination.
ii. To report that there is microbial indigenous potential for degradation of
contaminants in all the aquifers assayed, especially in the most
contaminated groundwater in the form of a higher degree of adaptation
to degradation
iii. To confirm that nitrification and denitrification are sensitive endpoints
to detect effects of contaminants, especially nitrification
iv. To report important degradation of CFC-11 in sub-oxic conditions in
tropical aquifers
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Abstract
Mycrocystins are probably one of the most intensively studied natural toxins
to date because of their impact on deterioration of water quality, hence the elucidation
of mechanisms that explain the effects of stress factors on toxin production is urgent.
Organic contaminants are known to reduce growth in cyanobacteria, but their effects
on microcystin production are unknown, which motivated us to introduce toxins
production as a novel physiological endpoint for toxicity testing and to compare its
sensitivity with growth. We compared rates of growth and toxin production in batch
cultures of Microcystis aeruginosa NIVA–CYA 228/1 under uncontaminated
conditions (control) with those in which cultures were exposed to low and high (5 and
50 mg L-1) concentrations of the herbicide glyphosate, and of the insecticide
metabolite pp'-DDE (25 and 100 µg L-1, respectively). The lowest concentration of
glyphosate inhibited growth (30 %) and MC–RR production (25 %) in M. aeruginosa,
while increased MC–LR production (50 %). At the highest glyphosate concentration
tested, the herbicide completely inhibited all rates (130–165 %). pp'-DDE, on the
other hand, increased the decaying rates of the cultures (50 %), decreased MC–RR
production (60 %), and increased MC–LR loss (90 %). Glyphosate at the lowest
assayed concentration also affected the intracellular microcystin relative abundances
by favoring the accumulation of the most toxic analogue MC–LR over the least toxic
MC–RR that is the known main contributor to the microcystins pool in the tested
strain. The poor temporal correlation of intracellular microcystins data, especially
those of MC–RR, suggested us the possibility that both contaminants could have
influenced microcystin export, either limiting or stimulating the releases to the
surrounding media. The classical ecotoxicological endpoint, growth resulted to have
equal (MC–RR) or less (MC–LR) sensitivity than toxins production, but to be more
robust and consistent in detecting the effects of both contaminants.
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1. Introduction
Population growth rate is considered to provide the best summary statistics for
the impact of pollutants on populations (Sibly, 2002), and is the most commonly used
toxicological endpoint for algae (Shubert, 1984; Lewis, 1995). As cheaper and less
cumbersome than other surrogates for growth (e.g., cell counts), chlorophyll
parameters are used as cost-effective measurement endpoints for growth (Shubert,
1984; Marwood, 2001). Other physiological (e.g., photosynthesis) and biochemical
endpoints (e.g., activity of enzymes) are helpful as early warning indicators that
respond before growth effects are recognized and as an aid to identify mechanisms of
pollutant effects at the population and community levels (Lin et al., 2005; Forbes et
al., 2006).
Standardized official toxicity tests batteries (EC, 1993; USEPA, 2002; OECD,
2006) include at least one primary producer, and usually freshwater green algae (e.g.,
Pseudokirchneriella subcapitata Printz and Scenedesmus spp.) are most frequently
used, although other species (e.g., the diatom Naviculla pelliculosa, and the
cyanobacteria Anabaena flos-aquae) are also suitable but rarely used (Shubert, 1984;
Lewis, 1995). Since the sensitivity to chemicals varies widely from one strain to
another, ecological risk assessment based on conventional algal tests should include
more species than those most frequently used (Wängberg and Blanck, 1988; Lewis,
1995).
The cosmopolitan genus Microcystis is a common cyanobacteria in algal
blooms, and the majority of isolates synthesize one or more variants of microcystins
and other toxic peptides, although non-producing isolates occur as well (Orr and
Jones, 1998; Chorus and Bartram, 1999). Microcystins (MCs) is a group of at least 70
identified variants of cyclic heptapeptides, including methylated and demethylated
products, in which two L–amino acids are variable and give their name to the
microcystin(Chorus and Bartram, 1999). For example, MC–LR, one of the most toxic
and abundant of the MCs, contains leucine (L) and arginine (R). Microcystins are
toxic to mammals, protozoa and plants by inhibiting two major phosphatases used for
growth and maintenance of the cell structure (Chorus and Bartram, 1999). That is
probably why they are considered as secondary metabolites for anti-grazing defense
(Carmichael, 1992; Chorus and Bartram, 1999), but they may also play a
physiological role within the cell (e.g., light harvesters, trans-membrane transporters
or chelators of metals) (Utkilen and Gjølme, 1995; Orr and Jones, 1998).
The rate of toxin production is positively correlated to cell division and growth
rate, implying that microcystins are constitutively expressed (Orr and Jones, 1998;
Long et al., 2001) and hence influenced by growth–limiting factors (e.g., light,
temperature, and nutrient concentration) (Lukač and Aegerter, 1993; Rapala et al.,
1997; Orr and Jones, 1998; Oh et al., 2000). Some of these environmental factors can
also induce changes in the relative composition of microcystin variants and
concomitant toxicity of some species (e.g., M. aeruginosa and Anabaena spp.)
(Rapala et al., 1997; Oh et al., 2000). In contrast to most microbial secondary
metabolites, MCs are produced from early exponential phase to stationary phase and
are exported from the cells under certain environmental conditions or growth states
(e.g., during lysis) (Paerl, 1988; Chorus and Bartram, 1999).
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Whereas some pesticides are known to reduce growth in cyanobacteria
(Hutber et al., 1979; Ravi and Balakumar, 1998; Forlani et al., 2008), nothing, to our
knowledge, has been reported about their effects on microcystin production,
motivating us to introduce toxins production as a novel physiological endpoint for
toxicity testing. Additionally, the elucidation of mechanisms that explain the effects of
contaminants on toxin production is urgent given the potential importance of
microcystins in trophic interactions and their health hazards for wildlife and human
populations (Carmichael, 1992; Chorus and Bartram, 1999).
The objective of the study was to examine the effects on growth and toxin
production of a Microcystis aeruginosa strain from exposure to the herbicide
glyphosate and the insecticide metabolite pp'-DDE. The objective was combined with
an effort to design a batch culture bioassay for cyanobacterial species, in which the
sensitivity of growth and toxin production as ecotoxicological endpoints was
compared. Glyphosate is known to affect a variety of crucial processes in primary
producers (e.g., protein synthesis, photosynthesis) which are first expressed as growth
inhibition, followed by chlorosis and eventually death (Smith and Oehme, 1992).
Although not primarily designed to act upon primary producers, insecticides and their
metabolites (e.g., DDTs) may inhibit algal metabolism (e.g., photosynthesis) when
associates with cell lipids and membranes, and subsequently reduce growth (Powers
et al., 1979). We used the bioassay to test whether i) growth and toxin production of
M. aeruginosa were both negatively related to the exposure concentrations of the
contaminants due to their expected inhibitory action on growth and the positive
correlation between growth and toxin production, or ii) growth was more impaired
than toxin production because substantial amounts of energy are diverted from cell
growth or division to maintenance processes in algae under stressed conditions (Gons
and Mur, 1980). We also examined the effect of the contaminants on the relative
abundances of two microcystins.

2. Materials and methods
2.1 Test species
The Microcystis aeruginosa (Kützing) Lemmermann strain NIVA–CYA 228/1
was donated by the Norwegian Institute for Water Research (http://www.niva.no/),
and originally isolated from the eutrophic Lake Akersvatnet, Norway (NIVA, 1990).
The strain produces mainly the microcystin variant [Dha7]MC–RR or [D–Asp3]MC–
RR (demethylated variants of MC–RR without a methyl group in dehydroalanine,
which is amino acid number 7, or aspartic acid, amino acid number 3, see next
paragraph), and also some [Dha7]MC–LR or MC–LR, and MC–YR (Mikalsen et al.,
2003; Lyck, 2004). Batch cultures were maintained for three months in a ventilated
hood under continuous white fluorescent light and intermittent aeration at ~ 20 ºC in
Z8 medium, in which NiSO4(NH4)2SO4·6H2O and Al2(SO4)3K2SO4·24H2O were
replaced with equivalent molar amounts of Ni(NO3)2·6H2O and AlK(SO4)2·6H2O,
respectively (NIVA, 1990). Algal growth was calculated from measurements of the
extracted chlorophyll a (Chl a) (Jespersen and Christoffersen, 1987) in an ultravioletvisible spectrophotometer Ultrospec 3000 (Pharmacia Biotech, Cambridge, England).
Microcystins have a common cyclic structure usually containing three D–
amino acids (alanine, erythro–β–methylaspartic acid and glutamic acid), two variable
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L–amino

acids and two unusual residues, N–methyldehydroalanine (Mdha), and the
unique C20 amino acid residue (Adda), 3–amino–9–methoxy–2,6,8–trimethyl–10–
phenyldeca–4E,6E–dienoic acid (Chorus and Bartram, 1999). The Adda moiety is
responsible for MCs' toxicity and used for their identification and quantification (Orr
and Jones, 1998; Chorus and Bartram, 1999). MCs vary in polarity with their
substituted L–amino acids (Ward and Codd, 1999). For example, MC–LR is
considered hydrophobic compared to the more polar MC–RR but hydrophilic
compared to MC–LW (leucine–tryptophan) and –LF (leucine–phenylalanine). This
may be important, since in vivo toxicity and hydrophobicity of microcystins is
positively correlated (Ward and Codd, 1999). MC–LR and –RR standards were
donated by Linda A. Lawton, School of Life Sciences, The Robert Gordon University,
Aberdeen, UK. Additional MC–LR was purchased from Calbiochem (La Jolla, CA,
USA). The toxins were dissolved in HPLC (High Performance Liquid
Cromatography) grade methanol and ethanol (Fisher Scientific, Leics, UK),
respectively. Aliquots of the stocks were diluted in methanol with 0.1% (v/v)
trifluoroacetic acid (TFA, Sigma Chemical, St. Louis, MO, USA) to prepare working
standard solutions for the HPLC analyses.
2.2 Test chemicals
Glyphosate (IUPAC name: N-[phosphonomethyl]glycine) is a broad-spectrum,
nonselective systemic herbicide, which acts by effective inhibition of the 5enolpyruvylshikimic acid-3-phosphate (EPSP) synthase, a mid-pathway enzyme of
the aromatic amino acid biosynthesis, which links primary and secondary metabolism
in prokaryotes, lower eukaryotes, and higher plants (Verschueren, 1983; Smith and
Oehme, 1992). It is widely used in the world due to its efficacy and low potential for
bioaccumulation or biomagnifications (Solomon and Thompson, 2003). Glyphosate
(95% purity) was purchased from Sigma Chemical (St. Louis, MO, USA), and the
stock solution (~ 5000 mg L-1) was prepared in deionized water.
pp'-DDE (IUPAC name: 1,1-dichloro-2,2-bis[4-chlorophenyl]ethylene) is an
impurity and the main dehydrochlorination metabolite of DDT (dichloro-diphenyltrichloroethane) (Verschueren, 1983). In spite of its structural similarity to DDT, it
has little insecticidal activity; however it affects other biochemical and biophysical
processes in a similar way as DDT (Ferreira et al., 1997). DDT and metabolites are
still found in environmental samples at higher levels than chronic toxicity thresholds
(Ferreira et al., 1997). pp'-DDE (99% purity) was purchased from Sigma Chemical
(St. Louis, MO, USA), and its stock solution (~ 400 mg L-1) was prepared in acetone.
2.3 Microcystin extraction and analysis
Intracellular MCs were extracted as described by (Lawton et al., 2003) with
some minor modifications. Depending on the thickness of the algal suspensions, 50 to
400 mL were filtered through 47 mm Ø Whatman GF/C (Maidstone, UK) glass
microfibre filters. They were folded and placed into test tubes to be stored frozen at 20°C for at least 24 h. Thawed filters were extracted for 1 h with 4 mL of 100%
methanol (HPLC grade) after vortexing for 30 sec at room temperature in darkness.
The extract was transferred to another test tube, and the filter was squeezed to remove
excess methanol, which was added to the extract. The extraction procedure was
repeated twice. The three pooled extracts were concentrated to dryness in a vacuum
centrifuge (SC110A SpeedVac®Plus, Savant Instruments Inc., Ohio, USA) at a
medium drying rate (~ 40 ºC). The walls of the test tube were washed with methanol,
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and the solution transferred to Eppendorf vials and centrifuged (Labofuge 200,
Sepatech GmbH, Heraeus, Germany) for 15 min at 3000 rpm. The supernatant was
transferred to new Eppendorf vials and re-concentrated in the vacuum centrifuge until
the sample was dry. The residue was resuspended in 150 µL of methanol, the extracts
centrifuged, and the supernatant transferred to HPLC vials.
The separation and quantification of the MC–RR and –LR microcystins was
made by reversed phase in a Hewlett Packard HP Series 1050 HPLC (Hewlett
Packard GmbH, Waldbronn, Germany) with 15 (pp'-DDE) or 35 min (glyphosate)
sample runs and 10 min for post-column equilibration between the samples. The
HPLC was equipped with a variable wavelength UV-VIS detector with 6.5 nm
bandwidth that was set at 238 nm. The separation was carried out at room temperature
(~ 20 ºC) on a 150×3 mm C18 Luna 5 µm (2) (Phenomenex Inc., CA, USA) column
protected by a Phenomenex C18, 4×2 mm guard column. For the glyphosate
experiments, the separation was achieved using a linear gradient elution of TFAacidified water (60–70%) and acetonitrile (ACN, 30–40%) at a flow of 0.5 ml min-1
(Table 1). The gradient elution was changed to isocratic for the pp'-DDE experiment,
since bubble formation in the pumping system following the increased proportion of
ACN was affecting the reproducibility of areas and retention times. The new mobile
phase consisted of a mixture of water (65%, 0.05 % TFA) and acetonitrile (35%, 0.1
% TFA) at a constant flow of 0.3 ml min-1 for 7 minutes, followed by a linear flow
gradient from 0.3 to 0.6 ml min-1 (7–9 min), and from 0.6 to 0.3 ml min-1 (12–15
min). The MC concentrations were quantified from a calibration curve of three to five
standards of a mixture of MC–RR (25 to 100 ng µl-1) and –LR (2.5 to 10 ng µl-1). The
injection volumes varied from 10 to 30 µl depending on the toxin concentration. The
estimated detection limits (DL) for MC–LR and –RR were 0.4 and 4 pg µl-1 (µg L-1),
respectively, for an injection volume of 10 µl and a filtered sample volume of ~ 200
ml.
Microcystin data were calculated as intracellular microcystin concentration per
volume of algal suspension (µg MC L-1) and then transformed to biomass–normalized
microcystin concentration (toxin concentration divided by Chl a, dimensionless).
Table 1. Linear gradient elution conditions used for HPLC analysis in the glyphosate
experiment. The flow rate was constant at 0.5 ml min-1.
Time (min)
Eluent (%)
0

15

18

20

Water (TFA 0.05 %)

70

65

60

65

70

70

Acetonitrile (TFA 0.1 %)

30

35

40

35

30

30

5

23

35

2.4 Experimental setup
We compared the growth and toxin production of M. aeruginosa under
uncontaminated conditions (control) with those in which cultures were exposed to 5
(Gly I) and 50 (Gly II) mg L-1 of glyphosate, and 25 (DDE I) and 100 (DDE II) µg L-1
of pp'-DDE in a Z8 growth medium during twelve days of incubation. The exposure
to glyphosate was made in a temperature (20 ± 1 ºC) and light (16:8 h light:dark
cycle) controlled room illuminated by four 58 W fluorescent lamps. We were forced
to leave that room for the pp'-DDE experiment, which was performed in a fume hood
at a similar temperature but under a light regime of 12 h per day provided by two 58
W fluorescent lamps. Aliquots of Z8 medium spiked with glyphosate or pp'-DDE
were prepared 3 or 12 h before the exposures by magnetic stirring. An inoculum of M.
aeruginosa from the stock culture was added to the Z8 medium to obtain 400 mL of
approximately 250 µg L-1 Chl a (algal biomass in eutrophic conditions, (Chorus and
Bartram, 1999) in each of 95 one litre glass jars per contaminant (30 for each
exposure level and 35 for the controls). The jars were loosely covered with aluminum
foil to allow some gas exchange but prevent aerial contamination and placed in rows
of five replicates, in sequences (e.g., Control, Gly 5, Gly 50). Five control replicates
were used to measure the Chl a and toxin content at the beginning of the assays. The
35 controls for the pp'-DDE batch contained some acetone. The samples were aerated
for 2 h by a diaphragm air pump, stirred by hand and given new positions in their row
every day. Five replicates per treatment and control from three adjacent rows of jars
were destructively sampled for Chl a and intra–cellular toxin measurements every
second day up to twelve days. The average specific growth rates and toxin production
rates (day-1) for both MCs in controls and treatments were derived from the slopes of
the regression lines in plots of ln Chl a and ln [MC] (intracellular concentration)
versus time of incubation (Orr and Jones, 1998; ECB, 2004). The average percentage
inhibition or stimulation of mean specific growth or toxin production rates at each test
substance concentration (Iµt) was calculated as Iµt= [(µc - µt)/µc] × 100, where µc is
the mean control specific rate and µt is the mean specific rate for the test
concentration t (ECB, 2004).
2.5 Data analyses
Linear regressions and associated parameter estimates (slopes and correlation
coefficients) were calculated using the data analysis software STATISTICA version
6.1 (Stat Soft Inc. 2003, www.statsoft.com) at a significance level of 5 % (p=0.05). A
confidence interval (95% probability) was used to delimit data amenable to a
statistical comparison from each set of five replicates. Univariate ANCOVAs were
used to examine the effects of chemicals on ln–transformed data of the three
dependent variables (Chl a, MC– RR, and MC– LR), with time of incubation as
covariate. The analysis was made using SPSS for Windows 9.0 (Chicago, IL, USA) at
a significance level of 5 % (p=0.05). Simple contrasts were conducted to determine
the significance of the differences in the means between treatments and controls in
each bioassay. The significance of the interaction between group and time was used to
assess the homogeneity of slopes (i.e., to assess differences in growth or production
rates) between relevant pairs of regression lines (treatments vs. control). Data
normality and homogeneity of variances were evaluated with Shapiro-Wilk's and
Levene's tests, respectively.
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3. Results
3.1 Growth
The growth of Microcystis was significantly reduced by glyphosate and even
ceased in the Gly II cultures, which had visible symptoms of chlorosis (cells
yellowing) (Table 2). The Chl a content of the control cultures increased from 250 to
3000 µg L-1 and to 1700 µg L-1 in the Gly I cultures during the twelve days of
incubation, but decreased until 50 µg L-1 in the Gly II cultures (data not shown). The
average percentage inhibition was ~ 30 % at Gly I and ~ 160 % at Gly II. The growth
rates were negative in the DDE assay, and the treatments were 40–60 % more
negative than the controls, with the highest inhibition in the DDE I treatment (Table
3). The Chl a concentrations decreased to 40–60 µg L-1 during the twelve days of
incubation (data not shown). The die-off in the DDE assay reflected most likely suboptimal light conditions. Both assays had high and significant temporal linear
correlations with chlorophyll content (r2= 0.65–0.99) implying that the derived
growth or decay rates were creditable.
3.2 Microcystins
Only two peaks were clearly separated, quantifiable, and coincided in
retention times with the available standards of MC–RR and MC–LR. The Gly I
treatment produced 50 % more MC–LR than the control and 25 % less MC–RR
(Table 2). The volumetric concentrations of MC–LR and MC–RR in the controls
varied from 3 to 70 µg L-1 and from 15 to 100 µg L-1, respectively, and from 2 to 100
µg L-1 and from 15 to 100 µg L-1, respectively, in the Gly I cultures (data not shown).
Both microcystins had negative production rates in the Gly II treatment implying a
decrease in their concentrations by 130 % (MC–RR) and 160 % (MC–LR),
respectively, compared with the control. The volumetric concentrations of MC–LR
and MC–RR varied from 3 µg L-1 to < DL, and from 15 to 4 µg L-1, respectively (data
not shown). The MC–RR production rate in the DDE assay was ~ 3 times slower than
in the glyphosate assay. The DDE II treatment reduced the concentration of both
microcystins by 25–100 % compared with the control, and the MC–LR production
ceased, even in the control (Table 3). The volumetric concentration of MC–RR varied
from 110 to 400 µg L-1 in the assay, and the volumetric concentrations of MC–LR
varied from 1 to 2 µg L-1 (data not shown). In general, the MC–LR intracellular
concentrations in both assays presented higher and significant linear temporal
correlations (r2= 0.07–0.72) than the MC–RR concentrations (r2= 0.0002–0.31),
implying that the derived production rates were more creditable for the former than
for the latter.
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Table 2. Growth and toxin production rates in batch cultures of Microcystis
aeruginosa NIVA–CYA 228/1 exposed during 12 days to two concentrations of
glyphosate (Gly I=5 and Gly II=50 mg L-1). The rates were derived from the slopes of
the regression lines in plots of ln [Chl a] (growth) or ln [MC] (intracellular
concentration, toxin production) versus time of incubation (days). One to five
replicates within the 95 % confidence interval of the mean per treatment and day of
exponential growth (or decay) were used.
Endpoint

Groups

Growth

Control
Gly I
Gly II
Control
Gly I
Gly II
Control
Gly I
Gly II

MC–RR
production
MC–LR
production

Average specific
growth or toxin
production rate
(day-1)

Linear
correlation
coefficient
(r2)

0.259
0.188
-0.150
0.244
0.186
-0.067
0.340
0.510
-0.216

0.99
0.98
0.66
0.30
0.16
0.05
0.53
0.72
0.42

Significance of
the difference in
growth or toxin
production rates
(treatment vs.
control)

Significance of
the difference
in group means
(treatment vs.
control)

p=0.00*
p=0.00*

p=0.04*
p=0.06†

p=0.67
p=0.02*

p=0.90
p=0.39‡

p=0.20
p=0.00*

p=0.37
p=0.06‡

Bold: Correlation significant at p=0.05 †Levene’s test p<0.05 ‡Shapiro-Wilk’s test p<0.05

The glyphosate treatments had in general higher concentrations of MC–RR per
biomass than their controls (Fig. 1A). More MC–LR was produced (or retained) per
biomass in presence of 5 mg L-1 of glyphosate (Gly I) than in the control, and less or
equal amounts in the presence of 50 mg L-1 of glyphosate (Gly II) (Fig. 2A). The
toxins to biomass ratios were similar for control and treatments in the DDE bioassay,
but the ratios were often lower for the control than for the treatments at the end of the
assay (Figs. 1B, 2B). Considerably less MC–LR was retained per biomass (0.01–0.08)
compared to MC–RR (» 1) in the DDE assay. The high ratios of MC–RR to Chl a
indicate the decaying state of the cultures, since the maximum ratio for growing M.
aeruginosa cultures is around 0.5 (Long et al., 2001; Lyck, 2004).
MC–LR made a minor contribution to the intracellular MCs pool (< 15 %) in
the glyphosate assay and 1–2 % in the DDE bioassay in the control cultures during the
exponential growth phase (< 12 days) (Fig. 3A), in agreement with observations by
(Lyck, 2004) on exponentially growing M. aeruginosa cultures of the same strain (20
%). The MC–LR production was more stimulated than the MC–RR production by the
Gly I treatment, and the contribution to the MCs pool went up to 50 %. The ratios of
the MCs in the Gly II and the DDE treatments were invariant with those in the
controls (Figs. 3A, 3B).

8

Table 3. Growth and toxin production rates in batch cultures of Microcystis
aeruginosa NIVA–CYA 228/1 exposed during 12 days to two concentrations of pp'DDE (DDE I=25 and DDE II=100 µg L-1). The rates were derived from the slopes of
the regression lines in plots of ln [Chl a] (growth) or ln [MC] (intracellular
concentration, toxin production) versus time of incubation (days). One to five
replicates within the 95 % confidence interval of the mean per treatment and day of
exponential decay were used.
Average
specific growth
or toxin
production rate
(day-1)

Linear
correlation
coefficient
(r2)

Control
DDE I
DDE II

-0.119
-0.189
-0.164

MC–RR
production

Control
DDE I
DDE II

MC–LR
production

Control
DDE I
DDE II

Endpoint

Groups

Growth

Significance of the
difference in
growth or toxin
production rates
(treatment vs.
control)

Significance of
the difference in
group means
(treatment vs.
control)

0.65
0.82
0.74

p=0.05*
p=0.24

p=0.13
p=0.25

0.071
0.053
0.002

0.31
0.12
0.0002

p=0.72
p=0.11

p=0.31
p=0.04*

-0.043
-0.077
-0.088

0.07
0.54
0.59

p=0.45
p=0.33

p=0.15
p=0.13

Bold: Correlation significant at p=0.05
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Figure. 1. Biomass normalized MC–RR content (toxin concentration to chlorophyll a
ratio) in Microcystis aeruginosa NIVA–CYA 228/1 cultures vs. time since inoculation
(days) in exposures to two levels of glyphosate (A) and pp'-DDE (B). Symbols
represent the mean ratios of one to five replicates within the 95% confidence interval,
and error bars represent the fractional standard deviation of the means.
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Figure 2. Biomass normalized MC–LR content (toxin concentration to chlorophyll a
ratio) in Microcystis aeruginosa NIVA–CYA 228/1 cultures vs. time since inoculation
(days) in exposures to two levels of glyphosate (A) and pp'-DDE (B). Symbols
represent the mean ratios of one to five replicates within the 95% confidence interval,
and error bars represent the fractional standard deviation of the means.
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Figure 3. Ratio of MC–LR to MC–RR (dimensionless) in Microcystis aeruginosa
NIVA–CYA 228/1 cultures vs. time since inoculation (days) in exposures to two
levels of glyphosate (A) and pp'-DDE (B). Symbols represent the mean ratios of one
to five replicates within the 95% confidence interval, and error bars represent the
fractional standard deviation of the means.
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4. Discussion and conclusions
Growth was the endpoint that consistently detected inhibitory effects and
significant differences between controls and treatments in both bioassays, in addition
to presenting robust data with high and significant temporal correlations. The
mechanism for the growth reduction by glyphosate was probably inhibition of the
chlorophyll synthesis, most likely mediated by the effects of the herbicide on its
precursor ALA (5-aminolaevulinic acid) (Hoagland and Duke, 1982; Smith and
Oehme, 1992; Ravi and Balakumar, 1998; Kannan et al., 1999). In general,
Cyanophyta species are more sensitive to glyphosate than the most commonly used
species (e.g., Chlorococcales) (Wängberg and Blanck, 1988) but have similar strainto-strain variation. For example, growth of two M. aeruginosa strains was inhibited
between 40 to 100 % by 30 and 60 mg L-1 of glyphosate (López-Rodas et al., 2007),
and 40 mg L-1 added as Roundup® inhibited 100 % of the growth of P. subcapitata
(Wängberg and Blanck, 1988). Our M. aeruginosa strain seemed to be quite sensitive,
with an EC30 of 5 mg L-1. Other cyanobacterial species, such as the filamentous N2–
fixers Anabaena spp. and Nostoc spp., have glyphosate EC50's for growth in the range
of 2–11 mg L-1, and EC100’s for Roundup® in the range of 2–20 mg L-1 (Hutber et
al., 1979; Wängberg and Blanck, 1988; Ravi and Balakumar, 1998), including the
biofertilizer Mastigocladus laminosus (Kannan et al., 1999). The expression of
tolerance to glyphosate by M. aeruginosa (growth inhibition at > 1 mM, 169 mg L-1)
by (Forlani et al., 2008) together to Nostoc and Anabaena strains was probably
influenced by the extremely high initial densities and the long incubation time in the
assays, which might have caused biodilution of the herbicide (Bengtsson et al., 2004).
Another complication for the data interpretation is buffering (pH 7–8) of the growth
medium or stock glyphosate solutions, as used by Forlani et al. (2008) and others
reporting higher glyphosate EC50s (7.5–300×) for some of the same species (Powell
et al., 1991; Cedergreen and Streibigand, 2005). Glyphosate is a zwitterion, with the
mono–anion species predominating at low pH (< 6), and the more polar di–anion at
high pH (6–10) (Cikalo et al., 1996). The di–anion is probably less toxic to algae than
the mono–anion, explaining why also glyphosate formulations (e.g., Roundup® and
Rodeo®) are more toxic to alga (5×) and bacteria (100×) at pH ≤ 4.6 than at pH ≥ 6.3
(Gardner et al., 1997; Amorós et al., 2007).
The poor performance of M. aeruginosa in the DDE assay reflects its
sensitivity to small changes in environmental conditions, such as light reduction
(Paerl, 1988; Lyck and Christoffersen, 2003). Cyanobacteria, and especially M.
aeruginosa are known to have weaker darkness tolerance than eukaryotic algae
(greens and diatoms) probably due to their inability to effectively use stored energy to
maintain metabolic integrity (Furusato et al., 2004). They try to overcome the
limitation by adjusting their vertical position in the water column by buoyancy
alteration (Paerl, 1988). The additional die-off of the cultures in the presence of DDE
may be explained by its inhibition of the photosynthesis and subsequently growth in
algae (Powers et al., 1979).
No other studies are known to us on the effects of pesticides and their
metabolites on microcystins production or yield, but glyphosate and its formulations
increase the pool of free non–aromatic amino acids in carrot cells and spring wheat
plants (Haderlie et al., 1977; Nilsson, 1977) and six out of ten of those free amino
acids (especially glutamic and aspartic acids, and arginine) are precursors in the MC–
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LR synthesis (Tillet et al., 2000). Similarly, overproduction of enzymes in yeast and
fungi exposed to glyphosate increases the cellular pool of e.g., arginine and leucine
(Delforge et al., 1975; Bode et al., 1984). and cellular proteolysis in the
cyanobacterium M. laminosus exposed to Roundup® may cause the amino acid
accumulation (Kannan et al., 1999).
The higher variability in the response of toxins production compared to
growth, especially the one of MC–RR, could be explained by a distortion of our proxy
(intracellular toxin content) due to an increased proportion of MCs released to the
medium. This relative proportion of excreted microcystin to intracellular
concentrations is also a debated subject; given than some few studies have reported
important exports (20–75 %) (Orr and Jones, 1998; Wang et al., 2007), while the
majority has reported insignificant looses (< 5 %) (Rapala et al., 1997; Long et al.,
2001; Lyck and Christoffersen, 2003). The export of MCs has been usually attributed
to cell lysis (Paerl, 1988; Orr and Jones, 1998; Chorus and Bartram, 1999), but active
excretion can't be ruled out given that a putative toxin exporter gene has been
identified in the PCC 7806 strain (Pearson et al., 2004). Furthermore, some
environmental and chemical stressors are known to affect this export or release of
microcystins. For example, low concentrations of nonylphenol (NP) were reported to
diminish significantly the excretion of MC–LR (up to 45 % less than the control) with
a concomitant increase of the intracellular content (75 % higher than the control) in
actively growing cells of M. aeruginosa PCC 7820 (Wang et al., 2007). Curiously, the
other strain tested, the PCC 562 did not export important amounts of the variant (< 1
%) under the same exposure conditions, and after reaching 2× higher densities than
PCC 7820, suggesting a strain-specific strategy of microcystin releasing. These
authors speculated that NP might have suppressed cell membrane receptors, and
hence physiological activity (MC–LR active transport?) in the algal cells. On the other
hand, Ross et al. (2006) reported that UV radiation, salinity, and the herbicide
paraquat triggered microcystins release (40 to 90 %) compared to non–stressed cells
(controls) in wild M. aeruginosa cells, with the herbicide eliciting the higher releases.
The toxins release was explained by increased oxidative cell stress mediated by
increased production of H2O2, which at the same time may trigger the initiation of
programmed cell death or apoptosis. These reports give raise to suggest that there was
a potentially differential export for each microcystin analog per bioassay, and that the
contaminants might have either limited or stimulated microcystin releases compared
to the controls, and hence produced the observed low temporal correlation of
intracellular microcystins data.
Biochemical and physiological endpoints seem to be equally or more sensitive
to glyphosate exposure than growth in cyanobacteria, in agreement with our
observations on microcystins. For example, Ravi and Balakumar (1998) ranked in
vivo nitrate reductase activity as the most sensitive endpoint, followed by Chl a and
nitrogenase activity in assays with A. variabilis L. and Nostoc spp. L. Kannan et al.
(1999) showed that nitrogen fixation in M. laminosus was 2.5× more affected by
Roundup® than growth and photosynthesis. However, Hoagland (1985) noticed that
inhibition of nitrate reductase is a secondary effect of glyphosate to growth inhibition.
Unfortunately, these sensitive endpoints have two major practical limitations that
severely compromise their cost-effectiveness: i. their results are not interpretable by
their own but rather require substantial additional information, and ii. they require the
use of sophisticated equipment (Lin et al., 2005; Forbes et al., 2006).
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The tight coupling of cell division and microcystin production observed in
nitrogen–limited batch cultures of MASH01-A19 strain of M. aeruginosa inspired
Orr and Jones (1998) to generalize their findings to other cyanobacterial species as
well, such that the microcystin production is indirectly affected by environmental
factors (i.e., light, nutrients, and temperature) through their effects on cell division.
Numerous exceptions are known. For example, Lyck (2004) found increased
concentrations of intracellular microcystins (mainly [D–Asp3]MC–RR) in light–
limited batch cultures of our study strain, just as in the decaying cultures of the DDE
assay. Severe P–limitation reduced net growth of chemostat cultures of the UTEX
2388 strain, but increased the intracellular content of MC–LR and MC–RR (Oh et al.,
2000). Iron, when completely omitted from the medium in batch cultures of the PCC
7806 strain, decreased growth but increased intracellular MC–LR yield (Lukač and
Aegerter, 1993). However, in iron-limited growth in continuous cultures of our study
strain, Utkilen and Gjølme (1995) observed a decrease in the intracellular content of
MC–RR, and in batch cultures MC–RR was more affected (25 %) than MC–LR (15
%). The contradictory observations call for approaches in which i. specific growth
and microcystin production rates are compared instead of microcystin yield so that
both traits are expressed on the same basis (day-1) as suggested by (Orr and Jones,
1998), and ii. gross and net toxin production rates are calculated by measuring both
the intra and extracellular pools per analog, in order to understand the relationship
between growth and microcystin metabolism.
Increased intracellular ratios of MC–LR to MC–RR are known from other
stress conditions in M. aeruginosa strains, such as severe phosphorus limitation (15 to
30 %, (Oh et al., 2000), and from iron limitation (40 to 45 %) (Utkilen and Gjølme,
1995), suggesting that xenobiotics, such as glyphosate, may influence the intracellular
toxicity of M. aeruginosa at the same extent as nutrients. The increased intracellular
toxicity has important implications for the zooplankton-cyanobacteria interaction
since ingestion of cells containing microcystins (e.g., MC–LR) affect survival, growth
and reproduction in grazers, while identical concentrations of the dissolved toxins do
not (DeMott et al., 1991; Lürling and Van Der Grinten, 2003). DeMott et al. (1991),
for example, reported that concentrations of dissolved MC–LR in the order of mg ml-1
were needed to cause mortality in daphnids compared to feeding them with intact cells
that contained orders of magnitude lower concentrations.
The classical ecotoxicological endpoint, growth, was equally (MC–RR) or less
(MC–LR) sensitive than microcystin production, but more robust and consistent in
detecting the effects of glyphosate and pp'-DDE on M. aeruginosa. This study also
provides evidence for the disruption of the expected coupling between population
growth and microcystin production in M. aeruginosa by the herbicide glyphosate, and
under light–limitation and exposure to the insecticide metabolite pp'-DDE. We also
show that the accumulation of the most toxic analog MC–LR is favored over the
accumulation of the less toxic analog MC–RR under exposure to glyphosate at 5 mg
L-1, while MC–RR was the favored one in light-limiting conditions and under
exposure to pp'-DDE. This may depend on differential costs or affordability of
production for each microcystin analog. Alternatively, MC–RR was probably
preferentially exported in the glyphosate assay and MC–LR in the DDE assay, with
major releases by the treatments; while the MC–LR export could have been
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diminished by exposure to glyphosate. Future efforts are needed and should be
devoted to mechanistically describe the per analog microcystin metabolism (i.e.
production, export, and breakdown) by measuring the gross and net changes in
intracellular and bulk (intra+extracellular) microcystins content.
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Abstract
Organisms allocate assimilated resources into competing metabolic demands,
such as maintenance, growth and defense. This pattern of allocation may change in
response to stress and result in an increment of resources allocated to one trait and a
decrement to another trait. For example, there should be a trade-off between capacity
to survive and growth rate as a response to starvation. The aim of the study was to test
for the existence and magnitude of a potential trade-off between growth and toxin
production in M. aeruginosa exposed to the herbicide glyphosate at different light
regimes and phosphorus concentrations. The ecological and metabolic costs of
microcystin production were estimated from growth rates and net energy costs in a
wild type strain of M. aeruginosa and its mutant unable to produce microcystins. The
trade-off was only detected when cultures were incubated under photoperiods longer
than 8 h of light (12:12 and 16:8), with differential patterns per microcystin analog,
time of incubation and exposure concentration. Growth was the definitively favoured
trait during early exponential growth phase, and less favoured over toxin production
during the late. Glyphosate could not invert the nature of the interaction between both
traits along with an impressive reduction of its herbicidal action on the cyanobacterial
cells in the phosphorus experiments where cells were pre-P-starved, or when the
cultures were incubated under the shortest photoperiod of 8 h of light. The metabolic
and ecological costs involved in microcystin production are higher during the first
week of incubation and minimized afterwards after comparison between cell quotas of
ATP and growth rates in the wild type and the mutant cultures. Glyphosate conferred
additional ecological advantages to the mutants expressed in terms of tolerance, and
especially when dosed at the highest tested concentration (40 mg/L). Glyphosate,
however, seem to confer benefits to the exposed cultures in the second week of
incubation by either increasing toxin production or inhibiting the extracellular releases
to the medium. In general, the production of the most toxic analog MC–LR seem to be
favoured over the one of [D–Asp3]MC–LR in the first seven days of incubation, and
such favoritism minimized in the last week of incubation when both productions
tended to be similar or slightly higher for [D–Asp3]MC–LR. The negative production
rates calculated for [D–Asp3]MC–LR, during the first week of incubation in the light
experiments might imply that the [D–Asp3]MC–LR pool is not stable and that the
compound is synthesized, used, and replenished constantly under the given culturing
conditions. This turnover of the analog seems to be triggered by glyphosate when the
cultures were incubated under the 12:12 photoperiod (15 and especially 50 mg/L),
under the longest photoperiod (16:8, all treatments), and genetically fixed under a dim
light photoperiod (8:16).
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Introduction
Organisms allocate assimilated resources into competing metabolic demands, such
as maintenance, growth, reproduction, and defence (Townsend and Calow, 1981;
Congdon et al., 2001). If internal resources are limited and insufficient to pay all
construction and maintenance costs for two life history traits that share a common
resource pool, then a trade-off results: an increment of resources allocated to one trait
necessitates a decrement of resources to another trait (Zera and Harsham, 2001). For
example, organisms may respond to stress, such as starvation, by trade-offs between
survival, growth and reproduction (Calow, 1991) following priority rules shaped by
ecological factors (Zera and Harsham, 2001).
Trade-offs have been examined in various ecological contexts, such as defence
against herbivory (Benjamin and Klaine, 1995; Yoshida et al., 2004) and often
quantified as an inverse correlation between growth or reproduction and the levels of
toxins (Benjamin and Klaine, 1995; Steinberg, 1995; Pintar and Starmer, 2003;
Yoshida et al., 2004; Donaldson et al., 2006). This might imply that a negative
functional interaction is the cause of the negative association between the traits under
consideration (Zera and Harsham, 2001). Trade-offs are dynamic and may vary with
species and life-history stages, if patterns of allocation are constrained by endogenous
(genetically fixed) metabolic or developmental cycles, so the same defences may be
costly in some species, or at some times or places, but not in others (Steinberg, 1995).
Benefits are expected to outweigh costs of trade-offs by increasing some component
of fitness in the trader organism (Pintar and Starmer, 2003; Donaldson et al., 2006).
Micro-algae (e.g., Chlorella vulgaris and Scenedesmus spp.) show trade-offs
between growth and grazing-resistance (Lürling and Van Donk, 2000; Yoshida et al.,
2004), and others (e.g., Selenastrum capricornutum adaptation to Cu pollution)
between resistance/tolerance to combat an anthropogenic stress and growth (Benjamin
and Klaine, 1995). Trade-offs have received relatively little attention in
ecotoxicological testing (Benjamin and Klaine, 1995), in spite of the knowledge that
critical effect levels for sensitive life cycle traits are not sufficient for assessing the
potential impact of toxicants on fitness, since given that each single trait has its own
plasticity and a differential relationship with fitness depending on the life history
strategy of the organism (Kammenga et al., 1997).
Cyanobacterial genuses, such as Microcystis and Anabaena, are classified as
resource-(K)-selected species (Reynolds, 2006) or at least to be placed along the rthrough K-selection continuum of life-history strategies (Kilham and Hecky, 1988)
and may be candidates for detectable trade-offs involving growth because they
allocate resources to a variety of non reproductive activities that maximize survival of
individuals, including abilities to obtain and store resources and adaptations that
reduce mortality (e.g., manufacture of toxins) (Kilham and Hecky, 1988).
Microcystins (MCs) are a group of at least 70 identified variants of cyclic
heptapeptides, including methylated and demethylated products, which are produced
by cyanobacterial genera predominantly including Microcystis, Anabaena, and
Planktothrix, which also have non-microcystin producing members (Chorus and
Bartram, 1999). Phylogenetic studies indicate that microcystin synthethase genes were
present in the last common ancestor of a large number of cyanobacteria, and that the
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ability to produce the toxins has been repeatedly lost during evolution, explaining the
variability in toxicity encountered in natural populations (Dittmann and Börner,
2005).
The microcystin biosynthesis occurs non-ribosomally by a thio-template
mechanism at expenses of ATP via a multifunctional enzyme complex, including
peptide synthetase and polyketide synthese modules that accomplish, for example, 48
sequential catalytic reactions to produce one of the most toxic analogs, the MC–LR
(Arment, 1996; Dittmann et al., 1997; Tillet et al., 2000). Metabolic costs related to
microcystin production have been assumed to be high, since both large enzyme
complexes and nitrogen-rich peptides are produced (Repka, 2004), but they are not
quantified to our knowledge. Microcystins seem to make their producer competitively
inferior under nutrient limiting conditions when non-microcystin producing M.
aeruginosa grow better than microcystin-producing (Vézie et al., 2002; Yoshida et al.,
2007).
Most microbial non-ribosomal peptides are classified as secondary
metabolites and microcystins have long be regarded as such (Carmichael, 1992;
Chorus and Bartram, 1999), but may also play a physiological role within the cell
(e.g., quorum sensing agents, light harvesters or adapters, trans-membrane
transporters or chelators of metals) (Utkilen and Gjølme, 1995; Dittmann et al., 2001;
Hesse et al., 2001). Although several roles for microcystins are possible, their
potential ecological or metabolic significance remains to be confirmed (Young et al.,
2005).
The herbicide glyphosate is known to trigger molecular events that could
account for growth inhibition in exposed organisms, including starvation for aromatic
amino acids and energy drain (of ATP) which in turns must initiate other metabolic
vulnerabilities (Fischer et al., 1986). Low concentrations of glyphosate reduce growth
at the same time as the MC–LR production increases in M. aeruginosa (Paper I).
Light limitation is typically assumed to be the most important stress for growth in
primary producers, but nutrient limitation, especially of phosphorus, is perhaps the
most often cited growth-limiting element in freshwater habitats and often reported as
equally important (Paerl, 1988; Donaldson et al., 2006). This together with scarcity of
studies on trade-offs between ecological factors (e.g., light or nutrient limitation) and
xenobiotics motivated us to test for potential trade-offs in cyanobacteria.
The aim of the study was to test for the existence and magnitude of a potential
trade-off between growth and toxin production in Microcystis aeruginosa exposed to
the herbicide glyphosate at different light regimes and phosphorus concentrations. The
ecological and metabolic costs of microcystin production were estimated from growth
rates and net energy costs in a wild type strain of M. aeruginosa and its mutant unable
to produce microcystins.
We hypothesized that:
i.

The ratio between rates of growth and toxin production in a control culture
would be higher than in glyphosate-exposed cultures because the herbicide
would favour toxin production over growth when dosed at low to moderate
concentrations. However, at the highest dosed concentration, growth
would be definitively favoured over toxin production after a severe
inhibition by the herbicide.
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ii.

The magnitude of the trade-off would be modulated by the co-effect of
light and phosphorus, such that the growth/toxin production ratio should
decrease with photoperiod and phosphorus concentration, ameliorating the
effects of the herbicide on the trade-off. Light was assumed to be more
influential as driving-force for the trade-off by directly increasing the
amount of mcy transcripts per cell (microcystin synthetase genes)
(Kaebernick et al., 2000), hence greatly influencing microcystin
production rates, while phosphorus is expected to affect them only
indirectly through its effect on growth and cell division (Orr and Jones,
1998).

iii.

Glyphosate was assumed to be more deleterious for growth in the wild
type strain than for its mutant since the mutant has no cost of maintaining
microcystin production but can use the resources to lessen the herbicide
effect.

2. Materials and Methods
2.1 Test species
The wild type, microcystin-producing strain, Microcystis aeruginosa
(Kützing) Lemmermann PCC 7806 and its microcystin deficient mutant PCC 7806
∆mcyB were kindly provided by Dr. Elke Dittmann, Institute for Biology, Humboldt
University, Berlin, Germany. The wild strain produces mainly the microcystin
variants MC–LR and [D–Asp3]MC–LR and was originally isolated from Braakman
Reservoir, The Netherlands (Mikalsen et al., 2003). The stock cultures of both strains
were grown semi-continuously in sterile modified Z8 medium (Paper I) in 2 L
Erlenmeyer flasks at ~ 20 ºC and under ~ 7–12 µmol photons/m2 of cool white
fluorescent light from 30 W Sylvania Standard® lamps (Germany) during 20 h/day.
2.2 Test chemicals
Glyphosate (IUPAC name: N-[phosphonomethyl]glycine) is a broad-spectrum,
systemic herbicide, which acts by inhibition of the 5-enolpyruvylshikimic acid-3phosphate (EPSP) synthase, a mid-pathway enzyme of the aromatic amino acid
biosynthesis, which links primary and secondary metabolism in prokaryotes, lower
eukaryotes, and higher plants (Smith and Oehme, 1992). Glyphosate (95% purity) was
purchased from Sigma Chemical (St. Louis, MO, USA), and the stock solution (~
5000 mg L-1) was prepared in ultrapure water. Three nominal concentrations were
prepared for the experimental batches, 1.5 mg/L (C1) the Environmental Expected
Concentration for aquatic exposure (EEC) (Battaglin et al., 2005), 15 mg/L (C2), a
concentration known to affect the endpoints of interest in M. aeruginosa strains, and
40 mg/L (C3), a concentration known to have profound effects (Paper I).
2.3 Experimental design
Aliquots of semi-continuous cultures of the PCC 7806 and its mutant were
inoculated in glass jars with modified Z8 growth medium, either complete or P–
depleted (phosphorus experiments), to obtain batch cultures with an initial chlorophyll
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a (Chl a) concentration of about 100 µg/L (6–7×108 cells/L). The experiments were
performed in a temperature controlled room at 20±1°C and under 1–4 µmol
photons/m2 provided by two 30W sunlight lamps (Sun-glo® and Flora-glo®, Japan)
at different photoperiods depending of the experiment (see below). Five (light
experiments, see below) or three (P experiments, see below) replicates per strain were
prepared in uncontaminated growth medium (control), and the same number of
replicates were prepared per each glyphosate concentration tested. Samples were
taken after 0, 7 (middle exponential growth phase), and 14 days (late exponential
growth phase) for cell counting (all replicates), intracellular toxin content (all PCC
7806 replicates), and total ATP content, from three replicates in the light experiments
and from all replicates in the P experiments. The persistence of the mutation in the
batch cultures of PCC 7806 ∆mcyB was verified by undetectable amounts of intracellular MCs at the start of each bioassay. One replicate per concentration was usually
analyzed for MCs content in water at all sampling occasions, and two replicates at 7
and 14 days for the light experiments. The jars were covered with parafilm to allow
some gas exchange and light penetration but prevent from contamination, and
repositioned randomly each day. Parallel control culture sets of two replicates of both
strains were sampled for cell counting and Chl a content every third day up to 15
days. The Chl a content was extracted according to Jespersen and Christoffersen
(1987) and quantified in an ultraviolet–visible light spectrophotometer Ultrospec 3000
(Pharmacia Biotech, Cambridge, England).
The light experiments were performed at three diel photoperiods (h light: h
dark cycles): 12:12 (batch I), 16:8 (batch II), and 8:16 (batch III) to mimic light
conditions in tropical countries (12:12), and extremes in temperate countries during
summer (18:6), and winter (8:16). The phosphorus experiments (batch IV) were
performed in complete Z8 medium (Z8+ ≈ 5.4 mg/L P), partially P–depleted Z8
medium (1/2 of the original concentration, Z8½ ≈ 2.7 mg/L P), and completely P–
depleted Z8 medium (Z8-) under a 12:12 photoperiod. The stock cultures were P–
starved by addition of Z8- medium for at least one week prior to the experiments. The
complete and partially P–depleted Z8 media were amended with equi-molar
concentrations of potassium by replacing K2HPO4 with KCl (Repka, 2004).
2.4 Growth rates
Specific growth rates were estimated from logarithmic changes in cell density
over 7 day periods, assuming first order kinetics (i.e., the rate of increase in cells per
unit time is proportional to the number of cells present in the culture at the beginning
of any unit of time), and expressed on per day basis (day-1) (Orr and Jones, 1998;
Wood et al., 2005). The samples for counting were preserved by addition of a 50 %
solution of glutaraldehyde (Sigma-Aldrich Chemie, GmbH, Steinheim, Germany) at 2
% final concentration and refrigerated at 4 ºC in the dark until analysis (< two weeks).
One mL aliquots of preserved M. aeruginosa cells were counted using a FACSort
flow cytometer (Becton-Dickinson Instruments, San José, CA, USA) equipped with a
15-mW argon-ion laser (488-nm). The autofluorescence of Chl a was measured in the
red fluorescence channel (FL3), and the autofluorescence of phycoerythrin in the
orange fluorescence channel (FL2). The forward angle light scatter (FSC) signal was
used as the acquisition threshold (i.e., trigger signal). The best regions discrimination
was obtained using a dual gating procedure based on two-dimensional cytograms of
FSC versus FL3 and FSC versus FL2. However, since chlorophyll fluorescence
usually gave higher % gating of events (> 90) than phycoerythrin, it was the selected
5

signal used for calculations and as proxy for the physiological state of the cells that
were usually divided in two sub-populations. The counts were performed at a medium
flow rate (35 µL ± 5 µL/min) with events acquisition over 30 s. The absolute cell
counts per mL were obtained by multiplying the total counts from regions of interest
initially created around control wild-type PPC 7806 and the mutant by the dilution
factor and then dividing by the volume counted in 30 s that was calculated from
calibrated flow rates that were measured when possible by the gravimetric method
(Marie et al., 2005). Growth rates based on the Chl content and cell counts were
compared in two replicates of controls and treatments in the light experiments.
2.5 Microcystin analysis
Intracellular MCs were extracted as described in Paper I, with the exception
that a fixed volume of 100 mL of sample was filtered. MCs dissolved in water were
concentrated on 3M Empore™ C18 extraction disks (St. Paul, MN, USA). These
samples were prepared with a modified procedure of the one recommended by
(Rivasseau et al., 1998) to optimize MCs extraction and processed within one week
after sampling and kept refrigerated until analysis. Three hundred mL of pre-filtered
sample (pooled liquid from three intracellular MCs samples) were supplemented with
TFA (trifluoroacetic acid, Sigma-Aldrich Chemie) and methanol (Fluka HPLC grade,
Sigma-Aldrich Chemie) to obtain 0.1 % and 5 % final concentrations. The discs were
conditioned according to the manufacturer’s instructions, and the supplemented
sample was added, allowing enough contact time with the solid phase and avoiding
bubble formation. When the sample was completely percolated, 10 mL of 30 %
aqueous methanol were added to clean the disk. Then vacuum was applied for 15 min
to remove as much residual water as possible. MCs were subsequently desorbed with
3×10 mL acidified methanol (0.1 % TFA), each aliquot was evaporated and pooled
until dryness in a vacuum centrifuge (SC110A SpeedVac®Plus, Savant Instruments
Inc., Ohio, USA) at a medium drying rate (~ 40 ºC). The rest of the procedure was
identical to the one described in Paper I, and made under the same conditions with the
same equipments, except for the volume resuspension that was changed to 100 µL of
methanol.
The separation and quantification of MC–LR and [D–Asp3]–LR was made by
reversed phase in a Hewlett Packard HP Series 1050 HPLC (Hewlett Packard GmbH,
Waldbronn, Germany) under the same conditions and with the same equipment as
described in Paper I for the pp'-DDE experiment, but with the eluent acidified with
0.05 % TFA. The MC concentrations were quantified from average daily response
factors of at least two standards of MC–LR (Calbiochem, La Jolla, CA, USA) in the
range from 1 to 40 ng/µl (1–5 for water, and 10–40 for intracellular). The response
factor of [D–Asp3]–LR was assumed to be the same as for the methylated variant (Orr
and Jones, 1998) given the absence of a standard. The injection volume was usually
10 µl for intracellular MCs and 20 µl for MCs in water. The specific toxin production
rates were estimated from logarithmic changes in the total microcystin content per
volume (intra + extracellular content) over 7 day periods, assuming first order kinetics
(i.e., the rate of increase in toxin content per unit time is proportional to the toxin
concentration at the beginning of any unit of time), and expressed in per day basis
(day-1) (Orr and Jones, 1998).
Further identification of the microcystin variants was made using a triple
quadrupole mass spectrometer (MS) with electrospray ionization (ESI) on a turbo
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ionspray source (API 3000, Applied Biosystems, Foster City, CA, USA) coupled to a
liquid chromatography system from Perkin Elmer (Norwalk, CT, USA; LC-MS/MS).
Three µL of sample extract were injected on a 150×3 mm C18 Luna 5 µm (2)
(Phenomenex Inc., CA, USA) column protected by a Phenomenex C18, 4×2 mm
guard column. The mobile phase consisted of water and methanol, both containing 0.5
% acetic acid. The separation was carried out using a linear gradient, starting from 5
% to 95 % methanol in 20 min, followed by 1 min isocratic flow at 95% methanol at a
flow rate of 0.5 mL/min. The [D–Asp3]–LR was detected at m/z 981.7, and MC–LR
at m/z 995.7. The temperature of the auxiliary gas was set to 350°C and the ion spray
voltage was 5000 V. Nitrogen was used as the curtain, turbo ionspray, collision, and
nebulizer gas.
2.6 ATP measurement
The total cellular ATP (adenosine triphosphate) measurements were
performed using the ENLITEN® rLuciferase/Luciferin (L/L) reagent (Promega,
Madison, WI, USA) for bioluminescence detection at the sampling day. The photons
produced by the reaction were counted with a Beckman LS 6500 Multipurpose
scintillation counter (Fullerton, CA, USA) under the single photon option in manual
mode, and cpm (counts per minute) were averaged for 5×5 s (25 s) after a 30 s delay.
The samples were first extracted to lyse cells and inactivate ATPases by combining
150–200 µl of cells suspension with the same volume of ultrapure water preheated to
100 ºC in sterilized Eppendorf tubes, and boiling for 5 min with occasional vortexing
(Napolitano and Shain, 2005)(Napolitano and Shain 2005). Extracted samples were
kept on ice until analysis (< 1 h). Bioluminescence was monitored when 100 µl of
reconstituted L/L reagent were gently pipetted to the bottom of sterilized 6 mL plastic
scintillation vials and then 150 µl of extracted sample or an aliquot diluted to that
volume were added, ensuring a good homogenization but avoiding violent mixing. A
reagent blank, containing L/L reagent, the sample medium and extractant, was run
each time the analysis was made to determine the amount of background luminosity to
be subtracted from the samples. The net luminosity counted in the samples was
usually in the range of 106 to 107 cpm and with a coefficient of variation of 1–2 %. At
least five standard solutions in the range from 1×10-11 to 8×10-10 M (5–400 ng/L),
including a blank, were prepared with ultrapure water by serial dilution of the
resuspended stock standard ~ 1.2 mg of Na2ATP·3H2O equivalent to ~ 1 mg of ATP
(~ 2 µM) (Sigma-Aldrich Chemie). The volumetric ATP content of the samples was
obtained directly from extrapolation of their luminescence against the linear standard
curve of the day, with subsequent multiplication with the dilution factor.
2.7 Data calculation and analysis
Microcystins and ATP concentrations were calculated on culture volume basis
(e.g., µg MC–LR per litre) and as cell quotas (e.g., fg MC–LR per cell), since the
latter is recommended to reflect true variations, for example in microcystin content
(Orr and Jones, 1998). The percentage inhibition or stimulation of specific growth or
toxin production rates at each test concentration was calculated as described in Paper
I. Ln-transformed data of cell densities, MC–LR, [D–Asp3]–LR, and ATP
concentrations and quotas were analyzed with a mixed model of RM-ANOVAs
(repeated–measures analysis of variance) within replicates throughout time of
incubation (0, 7 and 14 days) or within strains (mutant and wild type) or toxins ([D–
Asp3]–LR and MC–LR), and between groups (controls and treatments). Simple
contrasts were conducted to compare treatments with controls, strains or toxins, while
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repeated contrasts were conducted to compare results from 0 to 7 days, and from 7 to
14 days. Data normality, homogeneity of variances, and sphericity were evaluated
with Shapiro-Wilk's, Levene's, and Mauchly's tests, respectively. The results of the
mixed statistical model were adjusted when sphericity was violated by selecting the
Greenhouse-Geisser statistics to report significance of the differences in the tested
factors, and by using the Bonferroni method to adjust means for multiple comparisons
between groups. Statistics were performed using SPSS for Windows 9.0 (Chicago, IL,
USA) at a significance level of 5 % (p=0.05).
3. Results
3.1 Growth vs. microcystin production (the potential trade-off)
The ratios between average specific growth rates (Appendix, Table 1) and
average specific production rates of MC–LR and [D–Asp3]MC–LR (Appendix, Table
2) that were calculated to measure the magnitude and nature of the functional
interaction (positive or negative) between the two traits are presented in Table 3.
3.1.1 Light experiments
Growth was in general favoured over MC–LR production (10 %–9×),
especially when the cultures were incubated under the shorter photoperiod (8:16).
Growth was relatively more promoted by variations in the light regime than by
variations in P concentrations, which had marginal influence on the effect of
glyphosate on the µ/MC–LR ratio, at least during the firs 7 days. The ratios of the
treatments were higher than those of the controls and increased in response to the
glyphosate dose during the first 7 days of incubation. Glyphosate when dosed at C3
was curiously not detrimental for growth when cultures were incubated under the
shortest photoperiod (8:16) in the first 7 days of incubation, and as expected, less
detrimental under a longer photoperiod (16:8) given that the rates were positive, while
MC–LR production was negative. The C3 treatments incubated under a photoperiod
12:12 presented negative rates for both traits, but still less negative rates for growth
than for production.
The cultures grew faster than they produced [D–Asp3]MC–LR (10 %–19×),
especially during the first 7 days of incubation. All cultures in the low light (8:16) had
negative rates during the first 7 days of incubation. The ratios generally became lower
in the second incubation week. There were no consistent trends in ratios in response to
the glyphosate dose.
More MC–LR was produced than [D–Asp3]MC–LR (2–15×) in the first seven
days of incubation (Table 2), especially in the control cultures incubated under the
longest photoperiod (16:8) that had positive rates for both analogs, and least in the C3
treatments incubated under a photoperiod (12:12) where both analogs had negative
rates. However, after 14 days, the rates of both microcystins tended to be quite
similar.
3.1.2 Phosphorus experiments
Growth was in general less favoured over MC–LR production (10–80 %) than
in the light experiments, and all ratios were within a range of 0.5–2.0 with no obvious
dependence on P or glyphosate concentrations.
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Table 3. Ratios between average specific growth rates (µ, day-1) and average specific
production rates of MC–LR and [D–Asp3]MC–LR (day-1) in control batch cultures of
Microcystis aeruginosa PCC 7806 and glyphosate treatments (C1=1.5, C2=15, and
C3=40 mg/L) that were incubated during 14 days. The rates were derived from 7 days
logarithmic changes in cell density and bulk volumetric microcystin concentration
(intra + extracellular, µg/L) of three (batch IV) and five replicates (other batches).
Negative values imply that growth rate was negative, underlined that production rate
was negative, and bold that both rates were negative. The light experiments were
performed under different photoperiods h light: h darkness, and in the phosphorus
experiments Z8: no P, Z8½ ~ 2.7 mg/L P, and Z8+ ~ 5.4 mg/L P.
Batch/
Groups
12:12 Light
Control
C1
C2
C3
16:8 Light
Control
C1
C2
C3
8:16 Light
Control
C1
C2
C3
Z8- Phosphorus
Control
C1
C2
C3
Z8½ Phosphorus
Control
C1
C2
C3
Z8+ Phosphorus
Control
C1
C2
C3

µ/MC–LR
production
0–7 d
7–14 d

µ/[D–Asp3]MC–LR
production
0–7 d
7–14 d

0.7
1.1
1.2
2.5

2.7
1.9
1.6
-2.7

2.8
5.4
8.3
4.8

2.3
2.0
1.5
-2.0

1.3
1.5
1.8
5.0

2.2
1.9
1.2
1.2

19.0
4.2
2.5
12.0

1.3
1.0
0.9
1.1

4.5
4.6
8.5
9.1

1.1
1.5
1.7
1.8

2.2
2.3
2.4
2.0

1.2
1.5
2.2
2.3

0.9
0.7
1.0
1.1

0.9
1.4
1.3
1.0

1.4
1.1
1.3
3.2

0.8
1.1
1.3
1.0

1.0
1.2
1.1
1.1

0.8
1.1
1.8
1.4

1.7
2.1
2.0
5.5

0.6
0.5
1.4
1.2

1.3
0.8
1.3
1.7

1.2
1.7
1.2
1.4

3.6
1.5
2.4
4.0

0.9
1.1
1.1
1.5
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The [D–Asp3]MC–LR production was more disfavoured over growth than
MC–LR (10 %–5.5×) especially during the first incubation week and at the highest
glyphosate concentration.
More MC–LR than [D–Asp3]MC–LR again (30 %–5×) was produced during
the first incubation week, especially at the highest glyphosate concentration (Table 2),
but less or equally much during the second week, regardless of the P concentration.
3.2 Light vs. phosphorus (importance as triggers of the potential trade-off)
The importance of light versus phosphorus as trigger of the potential trade-off
between growth and microcystin production was analyzed by comparing analogs (e.g.,
controls vs. controls) in the three light batches to discriminate the mere effect of light
from the one of glyphosate, and in the three phosphorus batches to extract the mere
effect of phosphorus.
3.2.1. Light
A longer photoperiod (16:8, second batch) supported higher growth rates (~ 20 %)
than the reference photoperiod (12:12) notably in the first 7 days of incubation and
significantly only for the C1 and C3 treatments (p=0.000–0.013). The shorter
photoperiod (8:16) had significantly faster growth rates than the reference
photoperiod (p=0.000–0.032), especially at the highest glyphosate concentration in
the first seven days of incubation. The shorter photoperiod (8:16) had significantly
lower (p=0.000–0.031) production rates for both analogs than the reference
photoperiod (Table 2). Both analogs had higher production rates in the 16:8
photoperiod than in the reference photoperiod, but the production rates of the MC–LR
analog were essentially the same in 12:12 and 16:8 during the first week.
3.2.2. Phosphorus
There were not significant differences in growth rates between the phosphorus
levels (mixed model p=0.063–0.100) (Table 1). Both MC–LR analogs had the highest
production rates in absence of phosphorus (Z8-), although the mixed model gave
significant differences among the P groups only for the control and C2 treatments
(p=0.004–0.035) (Table 2)
Some interesting patterns emerge when growth and toxin production rates are
compared in the 12:12 assay (light experiments) and the Z8+ (phosphorus
experiments) with the same incubation photoperiod but with a P-starved inoculum in
the phosphorus bioassay (Appendix, Table 2). The P-starved cultures had higher
growth rates (20 %–6×) in the first 7 days of incubation but lower during the second
week, except for the cultures exposed to the highest glyphosate concentration, which
generally grew far better when they were pre-starved for P.
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Figure 1. Time trends of average ATP cell quotas (fg×10-3/cell) in batch cultures of
Microcystis aeruginosa PCC 7806 and its mutant PCC 7806 ΔmcyB unable to
produce microcystins. Control cultures and glyphosate treatments were grown under
three diel photoperiods (h light: h dark cycles). Note the different scale in B1 and B2.
The different bars represent treatments with glyphosate and a control and are averages
of two (0 days), and three replicates (7 and 14 days), respectively. Error bars represent
the fractional standard deviations of the means.
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Figure 2. Time trends of average ATP cell quotas (fg×10-3/cell) in pre-P-starved batch
cultures of Microcystis aeruginosa PCC 7806 and its mutant PCC 7806 ΔmcyB
unable to produce microcystins. Control cultures and glyphosate treatments were
grown at three phosphorus concentrations (Z8: no P, Z8½ ~ 2.7 mg/L P, and Z8+ ~
5.4 mg/L P) at a 12:12 photoperiod. Note the different scale in C1 and C2. The
different bars represent treatments with glyphosate and a control and are averages of
two (0 days), and three replicates (7 and 14 days), respectively. Error bars represent
the fractional standard deviations of the means.
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3.3 ATP cell quotas in the wild type strain vs. in the mutants (the metabolic costs)
The ATP cell quotas in the wild type cultures were compared with the quotas
in the mutant, unable to produce microcystins, to estimate the potential metabolic
costs of microcystin production (Figs. 1–2).
3.3.1 Light experiments
The cell quotas of ATP in the wild type strain (PCC) increased with incubation
time in the 12:12 and 8:16 photoperiods with the cell quotas considerably lower in the
8:16 photoperiod after 14 days, especially in the glyphosate treatments (Fig. 1). The
16:8 photoperiod has a much higher cell quota yield than the other two photoperiods,
with a peak after seven days of incubation. The same temporal pattern was repeated
by the mutant in the 16:8 photoperiod, but the temporal pattern for the mutant in the
other two photoperiods was almost a mirror of the pattern by the PCC strain. The cell
quotas of the mutant were not significantly different in the controls and treatments
(p=0.264–0.743), while for the PCC only significant in the 16:8 photoperiod
(p=0.003) when cells were exposed to C2 (p=0.002) and C3 (p=0.002).
It was obvious that the mutants initially contained more ATP than the wild
type cells, and the ratios between quotas differed by a factor of 1–7× and became < 1
after 7 and 14 days. The quotas of both strains were significantly different in the
12:12 and 16:8 photoperiods (p=0.001), and only marginally insignificant in the 8:16
(p=0.059). The interaction time × strain showed that the cell quotas of the strains were
significantly different in the first week of incubation regardless of the photoperiod
(p=0.000–0.024), but not in the second week (p=0.085–0.855).
3.3.2 Phosphorus experiments
There were not consistent trends in the temporal pattern of the cell quotas of
ATP in the wild type strain (PCC) in the P experiment, except for the Z8½ cultures, in
which the control and lowest glyphosate concentration gave cell quotas that were
higher than any others (Fig. 2). This was in contrast to the temporal pattern for cell
quotas in the mutant in presence of P, which showed an increase as the incubation
proceeded. The overall univariate test for differences between groups was not
significant for the PCC strain in the Z8- (p=0.181) and Z8½ (p=0.190) batches, but
significant in the Z8+ when cells were exposed to C3 (p=0.020). All the mutanttreated cultures were significantly different to the controls in the Z8- batch (p=0.000),
while only the C1 and C3 treatments were different in the Z8½ batch (p=0.001), and
the C3 treatments in the Z8+ (p=0.015).
As opposed to the light experiments, the wild type cells initially contained
more ATP than the mutant cells (2–14×). The quotas of both strains were significantly
different in the Z8- and Z8½ batches (p=0.000), but not in the Z8+ (p=0.196). The
ATP cell quotas between strains were highly significant different in the first week of
incubation for the Z8- and Z8½ batches (p=0.000) but not significant in the second
week (p=0.122–0.968), and highly significant along the Z8+ batch (p=0.000).
3.4 Growth in the wild type strain vs. in the mutants (ecological costs)
The potential ecological costs in terms of reduced intra-specific competitive
ability and reduced tolerance to pollution for a microcystins producer compared to a
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non-toxin producer was estimated by comparison of the growth rates of the wild type
cultures and the mutant unable to produce microcystins (Appendix, Table 1).
3.4.1 Light experiments
The mutant grew generally twice as fast or faster than the wild type during the
first week of incubation (ratio in Table 1), and the strains grew generally equally fast
during the second week. Neither the photoperiod nor the glyphosate treatments had
consistent influence on the growth ratio. This implies that the highest ecological costs
were paid by the wild type cells in the first week of incubation. Glyphosate conferred
immense advantages to the mutants when dosed at C3 in the cultures incubated under
the longest photoperiod (22×), important when dosed at C2 for the cultures incubated
under the three photoperiods (2.6–3.2×), and moderate when dosed at C1 (1.6–2×).
The strains had significantly different growth rates (p=0.000–0.004) in the three
batches, while their differences in time were significant along the 12:12 bioassay
(p=0.000) and the 8:16 bioassay (p=0.000–0.034), and only during the first week for
the 16:8 photoperiod (p=0.000).
3.4.2 Phosphorus experiments
The mutant grew 1.5–3× faster than the wild type during the first incubation
week (ratios in Table 1), regardless of photoperiod or glyphosate concentration.
During the second week, the two strains grew with the same rate, or the wild type
grew slightly faster (Z8+). This implies that the highest ecological costs were paid by
the wild type cells in the first week of incubation. Glyphosate conferred important
advantages to the mutants when dosed at C3 (1.9–2.7×) least in the Z8+ batch, and
moderate (1.5–2×) when dosed at C1 (least in the Z8½) and C2 (least in the Z8batch). However, the strains did not have significantly different growth rates in the
three bioassays (p=0.142–0.916), especially in the Z8+.
3.5 Intracellular cell quotas and extracellular concentrations of microcystins (the
benefits)
3.5.1 Light experiments
The total intracellular cell quotas of MCs were of about the same magnitude
regardless of the photoperiod (Fig. 3). The quotas in the 12:12 photoperiod assay
peaked after 7 days, with one exception, the highest glyphosate concentration, for
which the quotas were highest after 14 days and for the whole experiment. The 16:8
and 8:16 photoperiod assays had a descending temporal pattern in controls and
treatments. The effects of glyphosate were significant only for the C3 treatments of
the 12:12 assay for both MC–LR and [D–Asp3]MC–LR (p=0.000 and p=0.005,
respectively) and along the batch. MC–LR was the main contributor to the
microcystins pool (60–75 %) along the bioassays, and with a tendency to slightly
increase its contribution with time of incubation.
The highest extracellular microcystin concentrations found were detected at
the beginning of the bioassays (20–30 % of the total pool), and the low light
photoperiod (8:16) seemed to have the highest microcystin concentration at the
beginning and the lowest after 7 and 14 days of incubation in spite of the only minor
levels of MCs were detected in the medium (< 1 %) (Figs. 5A–C).
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Figure 3. Time trends in average cell quotas of intracellular microcystins MC-LR and
[D–Asp3]MC–LR (fg/cell) of Microcystis aeruginosa PCC 7806 control cultures and
glyphosate treatments (C1= 1.5, C2= 15, and C3=40 mg/L) grown under three diel
photoperiods (h light: h dark cycles) during the light experiments. The bars are means
of two (0 days), and five replicates (7 and 14 days).
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The ratio MC-LR to [D–Asp3]MC–LR in the medium was around 0.9–1.0 at
the beginning of the light experiments, that is, both variants were equally contributing
to the extracellular pool (data not presented). Both analogs were found extracellularly
at the highest glyphosate concentration after 14 days in the 12:12 in a ratio around 2.8,
implying that MC–LR was the main contributor to the extracellular pool (75 %). The
ratio MC-LR to [D–Asp3]MC–LR after 14 days at a 16:8 photoperiod was around 1.5,
which implies that MC–LR was the main contributor to the pool (60%).
3.5.2 Phosphorus experiments
The intracellular cell quotas of MCs in this batch were lower (20-30 fg/cell)
(Fig. 4) than the quotas in the light experiments (30-40 fg/cell) (Fig 3A), probably due
to the P-starvation. There were all kinds of temporal patterns for the quota that is,
ascending (e.g. control at Z8- and Z8½), triangular (e.g., C1 treatment at Z8+),
asymptotic (C3 treatment at Z8-), and constant (C1 at Z8½). The quotas of both MCs
in the C2 (p=0.000–0.003) and C3 treatments (p=0.000–0.002) were significantly
different to their controls in the Z8½ batch along the 14 days of incubation (p=0.000),
and indistinguishable in the Z8- assay. In the Z8+, only the [D–Asp3]MC–LR quota in
the C1 treatments was found statistically different from the controls (p=0.033). MC–
LR was again the main contributor to the microcystins pool (65–75 %), but with some
minor differences per batch. The cell quotas of the microcystins were found
significantly different (p=0.000) along with their interaction time × toxin during the
14 days of incubation in the Z8½ and Z8+ batches (0.000), but not during the first
week of incubation for the Z8- batch (p=0.241).
The highest extracellular concentrations of microcystins (23–43 %) were again
found at the beginning of the bioassays, the lowest detected in the Z8½ batch and the
highest in the Z8- batch (Figs. 6A–C). The concentrations were higher than in the
light experiments, probably because the samples in the P experiments were filtered
after 12 hours of starting the assays and may imply continuous export of microcystins
for at least one day. Less than 1 % of the total pool was found extracellularly after 7
days in the three batches, and after 14 days in the Z8- batch. While in the Z8½ batch,
the control and C1 treatment presented the higher releases (12 %) with a decreasing
percentage towards the C3 treatment (< 0.2 %).
The ratio of MC-LR to [D–Asp3]MC–LR in the medium was between 1.3 and
1.5 at the beginning of the experiment. No microcystins were detected after 7 days in
any of the batches of the experiment, but after 14 days in the Z8½ 1.2 in the control
and 0.7 in the C2 treatment suggesting that the contribution by [D–Asp3]MC–LR to
the extracellular pool may become larger during glyphosate exposure (45–60 %).
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and glyphosate treatments were grown under three diel photoperiods (h light: h dark
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4. Discussion
This study sought to detect negative functional interactions between growth
and toxin production in M. aeruginosa triggered by the herbicide glyphosate in
cultures incubated at different light regimes and phosphorus concentrations. The
trade-off was only detected when cultures were incubated under photoperiods longer
than 8 h of light (12:12 and 16:8), with differential patterns per microcystin analog,
time of incubation and exposure concentration. Growth was the definitively favoured
trait during the first week of exposure, and less favoured over toxin production during
the second week. Glyphosate could not invert the nature of the interaction between
both traits along with an impressive reduction of its herbicidal action on
cyanobacterial cells in the phosphorus experiments where cells were pre-P-starved, or
when the cultures were incubated under the shortest photoperiod of 8 h of light. The
metabolic and ecological costs involved in microcystin production are higher during
the first week of incubation and minimized afterwards after comparison between cell
quotas of ATP and growth rates in the wild type and the mutant cultures. Glyphosate
conferred additional ecological advantages to the mutants expressed in terms of
tolerance, and especially when dosed at the highest tested concentration (40 mg/L).
Glyphosate, however, seem to confer benefits to the exposed cultures in the second
week of incubation by either increasing toxin production or inhibiting the extracellular
releases to the medium. In general, the production of MC–LR seem to be favoured
over the one of [D–Asp3]MC–LR in the first seven days of incubation, and such
favoritism minimized in the last week of incubation when both productions tended to
be similar or slightly higher for [D–Asp3]MC–LR.
The relatively larger investment by the wild type into growth compared with
MC production in response to the most stressful conditions in the experiment,
especially in glyphosate treatments in the dim light photoperiod (8:16) and especially
at the highest dose of glyphosate (Table 3), may be the expression for a basic
mechanism in prokaryotes to protect survival of some cells at the sacrifice of other
activities, such as toxin production. Glyphosate is known to cause cessation or
retardation of growth in primary producers after blocking the aromatic amino acid
synthesis and the metabolism of phenolic compounds, resulting in shortages of carbon
for other essential pathways (Fischer et al. 1986, Smith and Oehme 1992).
The negative production rates calculated for [D–Asp3]MC–LR, the rather
constant relative contribution of the analog to the intracellular microcystin pool, and
the low extracellular concentrations detected during the first week of incubation in the
light experiments might imply that the [D–Asp3]MC–LR pool is not stable and that
the compound is synthesized, used, and replenished constantly under the given
culturing conditions. This turnover of the analog seems to be triggered by glyphosate
when the cultures were incubated under the 12:12 photoperiod (C2 and especially C3)
and under the longest photoperiod (16:8, all treatments). Surprisingly the same
phenomena was also evident in controls and treatments of the cultures incubated
under the shortest photoperiod (8:16), which additionally might imply that under light
scarcity situations this turnover might be genetically induced in M. aeruginosa. This
is important in quantifyng the production costs of microcystins, and in elucidating
their ecological roles (the benefits), since microcystins have always been assumed to
be immobile in the cell (defenses or whatever role they have). It may also explain
conflicting results from laboratory and field experiments on the effects of
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environmental factors on microcystin production or accumulated concentrations. The
different rates of metabolic turnover for the MC analogues is in agreement with
varying turnover rates of allelopathic compounds from high rates of the polyphenol
phlorotannin in tropical brown algae (Arnold and Targett 2000) to low rates for
terpenoids in terpene-accumulating families (e.g., Mentha piperita and Pinus
contorta) (Gershenzon (1994) and suggests that there are differential cost of
production per MC analogue. MC-LR is probably the more expensive to produce and
less labile than [D–Asp3]MC–LR, since it was always the main contributor to the
intracellular MCs pool, and only sacrificed under extreme situations like in the longest
photoperiod under exposure to the highest glyphosate concentration.
The lower susceptibility of the wild type to glyphosate during the first week in
the absence (Z8-) or in the presence of reduced P concentrations (Z8½) compared
with its response at full P supply (Z8+) and in the photoperiod assays without pre-Pstarvation (Table 1) may be explained by the possibility that glyphosate was utilized
as a phosphate source by the cells. This is in agreement with the findings that Pstarved and glyphosate exposed (EC50=9 mg/L) Anabaena variabilis L. increased its
extracellular alkaline phosphatase activity by 167 % compared with a control and
grew successfully (Ravi and Balakumar, 1998). They hypothesized that the high
secretion of alkaline phosphatase into the medium cleaved the C–P bond in
glyphosate and allowed Anabaena to utilize it as a phosphate source. Another species
used in the same work, Nostoc did not survive in the P-starved medium and did not
change the activity of the alkaline phosphatase. The controls of both strains in the P
batch (especially the wild-type cells in the Z8- bioassays), exhibited impressively
higher rates compared to the ones calculated under P–replete conditions (first batch
12:12) in the first 7 days of incubation which enlighten the remarkable role of internal
phosphorus reserves to allow cell survival and even growth under conditions of
nutrient deficiency (Cembella et al. 1984). The significantly higher ATP quotas in the
wild type cells compared to the mutants in the first seven days of incubation in the
batch, especially in the Z8- bioassay, take us to hypothesize that the mutant probably
has a poorer or less efficient ability to mobilize the stored phosphorus (Pi) and
transfer it to ATP, which is known to occur under phosphorus deficiency (Cembella et
al. 1984). This loss of capacity in the mutant to mobilize internal P resources is also
indicated in its susceptibility to glyphosate during the first week of incubation in the
Z8- and Z8½ medium (Fig. 2). Moreover, Young et al. (2005) by immunogold
labelling localized microcystins preferentially associated with the thylakoids and
polyphosphate bodies-periphery in our study strain M. aeruginosa PCC 7806. All this
might imply a potential role of microcystins into phosphorus storage dynamics.
The costs of plant chemical defenses are not always apparent, in spite of
evidences that suggest that their synthesis and storage might have important metabolic
costs, implying that such costs may be quite low or only evident at particular
developmental stages or under specific environmental conditions (Gershenzon 1994).
Several metabolic adaptations could reduce costs of chemical defenses, by playing
multiple roles, such as a monoterpene acting as a defense against hervibores and
pathogens and serving as an antioxidant (Gershenzon 1994). Curiously, some
compounds as algal polyphenolics and plant terpenes possess multiple secondary roles
or a combination of both secondary and primary roles (Gershenzon 1994, Arnold and
Targett 2002) which could also apply to microcystins. Microcystins may also have an
extracellular role in stress signaling, as indicated by the finding of the highest
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microcystin concentrations in the medium at the beginning of all the assays, especially
in the pre-P-starved cultures and the differential composition of the extracellular pool
(50:50 or 60:40, MC–LR:[D–Asp3]MC–LR) compared to the intracellular (70:30).
Growth seems to be a conservative trait in M. aeruginosa, which makes it the
strongest endpoint to detect effects of contamination over microcystin production.
However, microcystin production, and especially [D–Asp3]MC–LR production was
more responsive to glyphosate in time and at lower concentrations, that is, more
sensitive, which is another desirable characteristic of ecotoxicological endpoints.
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Appendix A (Tables)
Table 1. Average specific growth rates (µ, day-1) in batch cultures of Microcystis aeruginosa PCC 7806 and its mutant unable to produce microcystins PCC
7806 ΔmcyB. Control cultures and glyphosate treatments (C1=1.5, C2=15, and C3=40 mg/L) were incubated during 14 days. The rates were derived from 7
days logarithmic changes in cell density of three (batch IV), and five replicates (other batches), respectively. Negative values of the ratio between growth
rates of the mutant and the PCC 7806 imply that rates in the wild type strain were negative. The light experiments were performed under different
photoperiods h light: h darkness, and in the phosphorus experiments Z8: no P, Z8½ ~ 2.7 mg/L P, and Z8+ ~ 5.4 mg/L P.

Manipulated
factor
Light
(12:12)

Light
(16:8)
Light
(8:16)
Phosphorus
Z8-

Z8½

Z8+

Groups

µ PCC
0–7 d
7–14 d

Control
C1
C2
C3
Control
C1
C2
C3
Control
C1
C2
C3
Control
C1
C2
C3
Control
C1
C2
C3
Control
C1
C2
C3

0.045
0.059
0.044
-0.017
0.082
0.071
0.056
0.005
0.059
0.083
0.051
0.064
0.086
0.071
0.089
0.055
0.072
0.099
0.084
0.060
0.104
0.072
0.092
0.085

0.141
0.136
0.135
-0.026
0.137
0.137
0.151
0.154
0.122
0.104
0.119
0.109
0.087
0.122
0.106
0.109
0.088
0.076
0.117
0.127
0.085
0.100
0.104
0.112
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µ Mutant
0–7 d
7–14 d
0.100
0.114
0.114
0.013
0.163
0.140
0.163
0.111
0.151
0.133
0.161
0.138
0.132
0.152
0.134
0.144
0.166
0.171
0.168
0.162
0.174
0.130
0.175
0.165

0.141
0.115
0.140
0.208
0.123
0.178
0.148
0.154
0.130
0.118
0.126
0.128
0.100
0.100
0.133
0.117
0.095
0.098
0.097
0.131
0.069
0.068
0.087
0.091

Ratio µ Mutant/ µ PCC
0–7 d
7–14 d
2.2
1.9
2.6
-2.3
2.0
2.0
2.9
22.0
2.6
1.6
3.2
2.2
1.5
2.1
1.5
2.6
2.3
1.7
2.0
2.7
1.7
1.8
1.9
1.9

1.0
0.8
1.0
-9.0
0.9
1.3
1.0
1.0
1.1
1.1
1.1
1.2
1.2
0.8
1.2
1.1
1.1
1.3
0.8
1.0
0.8
0.7
0.8
0.8

Table 2. Average specific production rates (day-1) of MC–LR and [D–Asp3]MC–LR and its
ratio in batch cultures of Microcystis aeruginosa PCC 7806 exposed during 14 days to three
concentrations of glyphosate (C1=1.5, C2=15, and C3=40 mg/L). The rates were derived
from 7 days logarithmic changes in bulk volumetric microcystin concentration (intra +
extracellular, µg/L) of three (batch IV), and five replicates (other batches) respectively. The
light experiments were performed under different photoperiods h light: h darkness, and in
the phosphorus experiments Z8: no P, Z8½ ~ 2.7 mg/L P, and Z8+ ~ 5.4 mg/L P.
Batch/
Groups

MC–LR

Ratio MC–LR/
[D–Asp3]MC–LR
0–7 d
7–14 d

7–14 d

0–7 d

7–14 d

0.068
0.053
0.037
-0.042

0.053
0.070
0.083
0.043

0.016
0.011
-0.006
-0.081

0.062
0.067
0.088
0.025

4.2
4.8
7.2
1.9

0.9
1.0
0.9
1.7

0.061
0.047
0.031
-0.020

0.062
0.072
0.122
0.127

0.004
-0.022
-0.038
-0.055

0.103
0.143
0.169
0.139

15.2
3.1
2.2
2.8

0.6
0.5
0.7
0.9

0.013
0.018
0.006
0.007

0.110
0.071
0.069
0.061

-0.071
-0.064
-0.074
-0.066

0.104
0.071
0.053
0.047

6.5
4.6
13.3
9.4

1.1
1.0
1.3
1.3

0.092
0.099
0.094
0.052

0.094
0.086
0.080
0.115

0.060
0.064
0.070
0.017

0.109
0.109
0.084
0.110

1.5
1.6
1.3
3.1

0.9
0.8
1.0
1.0

0.072
0.081
0.076
0.054

0.103
0.070
0.065
0.091

0.043
0.047
0.042
0.011

0.148
0.141
0.081
0.105

1.7
1.7
1.8
4.9

0.7
0.5
0.8
0.9

0.080
0.092
0.073
0.050

0.069
0.058
0.089
0.079

0.029
0.048
0.039
0.021

0.095
0.093
0.098
0.076

2.8
1.9
1.9
2.4

0.7
0.6
0.9
1.0

0–7 d
12:12
Control
C1
C2
C3
16:8
Control
C1
C2
C3
8:16
Control
C1
C2
C3
Z8Control
C1
C2
C3
Z8½
Control
C1
C2
C3
Z8+
Control
C1
C2
C3

[D–Asp3]MC–LR
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Abstract—Ecotoxicological endpoints based on behavioral traits (e.g., predator avoidance, feeding, and locomotion) may be more
sensitive and give more insights into patterns of sublethal toxicity than survivorship tests. In this study, the density-dependent
grazing rate of Daphnia pulex pre-exposed to p,p9-dichlorodiphenyldichloroethylene (DDE) (insecticide metabolite) and glyphosate
(herbicide), via water or a vector, Scenedesmus spp., was assayed in laboratory experiments. The phytoplankton biomass was
estimated from the chlorophyll content, and the pesticide uptake and turnover pattern in Daphnia and Scenedesmus were determined
from parallel experiments with a radiolabeled source. Scenedesmus spp. relative net growth rate was inversely and linearly related
to the density of the grazer. Daphnia pulex exhibited significant reductions in grazing rate: 30% for those pre-exposed to p,p9DDE via water and 40% for D. pulex pre-exposed to glyphosate via Scenedesmus spp. Through the process of trophic cascading,
this impaired grazing allowed Scenedesmus spp. to grow at higher rates, 70 and 60%, respectively. The reduced grazing efficiencies
were associated with the treatments that gave the highest body burden of p,p9-DDE (70 mg/g dry wt) and the lowest of glyphosate
(13 mg/g dry wt). The pattern of results suggests a toxic effect of p,p9-DDE on D. pulex and a growth enhancement of Scenedesmus
spp. in response to nitrogen and phosphorus in glyphosate excreted by D. pulex.
Keywords—Behavioral endpoint
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havior (e.g., filtration, ingestion, and assimilation rates) and
on locomotory behavior, such as swimming performance, coordination, predator avoidance, and prey handling [10]. Feeding behavior has been recognized as an ecotoxicological endpoint in filter feeders [11] because it has a physiological implementation closely associated with growth, metabolism, and
reproduction [12]. Further, feeding behavior has a higher sensitivity than mortality. For instance, the median lethal concentration (LC50) for the insecticide fenvalerate is 0.21 mg/L
in Ceriodaphnia lacustris, but the filtration rate decreases significantly only at 0.01 mg/L [12].
Daphnids are key species in freshwater ecosystems (e.g.,
as grazers on phytoplankton) and a favorite food item for many
predators [13,14]. Their ability to feed efficiently is, at the
same time, their success and a major disadvantage because,
in so doing, they are more exposed to contamination and thus,
more susceptible, which explains their frequent use in ecotoxicological tests. Xenobiotics, inorganic as well as organic,
may affect food filtering and subsequent food processing (ingestion and assimilation) in Daphnia, causing a net reduction
in rates of food attainment [15]. Filtration rates in Daphnia
species are affected by fenvalerate [16] and endosulfan and
diazinon [17]. Ingestion rates are less sensitive to toxic compounds than filtration rates [15,17], and assimilation seems to
be the least sensitive process. In order for a concentration of
a compound to cause significant effects on assimilation it must
be close to the LC50 [16].
The present study is an effort to quantify the impact of two
xenobiotics, p,p 9 -dichlorodiphenyldichloroethylene (DDE)
and glyphosate, on phytoplankton growth rate due to cascading
through reduced grazing rate in Daphnia pulex. Herein we
also report on development of a bioassay for Daphnia species
with grazing efficiency as an ecotoxicological endpoint. The

INTRODUCTION

Applied successfully to explain differences in primary productivity among lakes with contrasting food webs, the concept
of trophic cascading has moved attention toward the interactions between herbivorous zooplankton and phytoplankton and
away from the complementary nutrient supply processes [1,2].
It is difficult to generalize about the conditions that are conducive to trophic cascading, from the level of piscivorous fish
to phytoplankton [3]. Nonetheless, numerous studies demonstrate the positive effects of planktivorous fish on phytoplankton biomass and accumulation [4,5], and others reveal the
inverse relationship of the numbers of large-bodied zooplankton with the quantity and net production rates of phytoplankton
[6].
Xenobiotics, such as insecticides and metals, can affect
primary production in much the same way as nutrient supply.
Higher trophic levels (e.g., piscivores) are more susceptible
than phytoplankton to xenobiotics, and they propagate their
effects down food webs via predator performance [7]. Herbivores (e.g., zooplankton) often are more susceptible to pesticides, especially insecticides, than are phytoplankton, and
median effect concentration (EC50) values for these two
groups may differ by orders of magnitude [8]. Pesticide effects
on zooplankton may be transmitted, both up the food webs,
reducing fish growth, and down the food webs increasing primary production. The resulting phytoplankton bloom is a characteristic secondary effect of xenobiotic exposure in aquatic
ecosystems [9].
Reduced grazing pressure by zooplankton on phytoplankton
may follow from sublethal pesticide effects on feeding be* To whom correspondence may be addressed
(goran.bengtsson@ekol.lu.se).
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p,p9-DDE and glyphosate represent different types of substances due to their physical–chemical properties (e.g., lipophilic vs hydrophilic), their mode and site of action, and their
application targets (insecticide metabolite vs herbicide). Special attention was given to the importance of the source of
contaminant exposure, because the literature is equivocal as
to what extent exposure through water or food makes a contribution to the body burden of contaminants in aquatic organisms.
We compared the grazing rate of D. pulex on Scenedesmus
spp. in laboratory-controlled uncontaminated conditions with
those in which D. pulex had been pre-exposed to sublethal
concentrations of p,p9-DDE and glyphosate through water and
algae. We assumed that the growth rate of Scenedesmus spp.
would be negatively and linearly related to the density of D.
pulex, reflecting a constant individual grazing rate for the given
set of growth conditions. Further, that the grazing rate would
be reduced for D. pulex pre-exposed to the contaminants, and
that this reduction would be greater in D. pulex pre-exposed
to p,p9-DDE than to glyphosate due to differences in mode of
toxic action in animal cells.
MATERIALS AND METHODS

Test species
Specimens of Daphnia pulex De Geer were collected in
cohorts between May and October 2000 from a 50-m2 pond
in a recreational area of Lund, southern Sweden, using a plankton net (mesh size 150 mm) towed horizontally just below the
water surface. The animals were kept in plastic aquaria (6 L)
with Whatman glass fiber/C (Maidstone, UK) filtered copperfree tap water (pH 8.1, electrolytic conductivity 160 mS/cm,
total hardness 58.4 mg/L as CaCO3), which was replaced twice
a week. The laboratory cultures were fed with suspensions of
Scenedesmus spp. every second or third day, as needed, depending on the density of the cultures. Following acclimation
in the aquaria for 3 to 4 d, D. pulex individuals, 1.3- to 1.9-mm
long, were chosen for the experiments. Scenedesmus spp. was
obtained from an in-house culture that was maintained continuously in filtered copper-free tap water, and amended with
10 ml of a commercial liquid fertilizer once a week (N 1.8%,
P 1.8%, K 1.6% w/v). The same room (temperature-controlled,
[20 6 18C] and illuminated by four 58-W fluorescent lamps,
with a daily 12:12-h light:dark cycle) was used for maintenance of both the animal and algal cultures and for the experiments. The algal cultures were supported by extra lights
(60-W bulb, 24 h/d) and aerated by a diaphragm air pump for
12 nonconsecutive h daily.

Chemicals
The p,p9-DDE (International Union of Pure and Applied
Chemistry: 1,1-dichloro-2,2-bis[4-chlorophenyl]ethylene) is
an impurity and the main dehydrochlorination metabolite of
DDT with noncommercial use [8]. The DDT is a nonsystemic,
mixed isomeric organochlorine insecticide, acting via direct
contact and through ingestion [8]. The predominant constituent
is p,p9-DDT. It is a nerve poison by affecting the sodium
balance of the nerve membranes along axons, disturbing the
electrical conduction [8]. Although banned for commercial use
decades ago, it is used still in some developing countries and
in public health emergencies. The p,p9-DDE is less lethal and
less lipophilic but persists within organisms and soils longer
than p,p9-DDT, resulting in a higher biomagnification potential
and a worldwide presence [8,18].
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Glyphosate (International Union of Pure and Applied
Chemistry: N-[phosphonomethyl]glycine) is a broad-spectrum, nonselective, postemergence, systemic herbicide, which
acts by competitive inhibition of 5-enolpyruvylshikimic acid3-phosphate synthase, an enzyme in the shikimic acid pathway
of the aromatic amino acid biosynthesis pathways, which links
primary and secondary metabolism in plants and bacteria [8].
Glyphosate is an amphoteric and hydrophilic compound that
undergoes degradation to aminomethylphosphonic acid
(AMPA) and is not expected to bioaccumulate [8]. At the
present time, it is the largest-selling crop-protection chemical
product [19].

Survival assays
N -phosphonomethyl-glycine (glyphosate) (95%; Sigma
Chemical, St. Louis, MO, USA), and 1,1-dichloro-2,2-bis(4chlorophenyl)ethylene (p,p9-DDE) (Sigma Chemical, 99%)
working solutions were prepared in water (glyphosate) and in
acetone (p,p9-DDE) and diluted in filtered copper-free tap water to determine the highest water concentration at which D.
pulex and Scenedesmus spp. would survive a 4-d exposure.
Two concentrations of each contaminant (10 and 100 mg/L of
glyphosate, and 1 and 10 mg/L of p,p9-DDE) were used after
reviewing LC50 and bioconcentration factor (BCF) data of
both contaminants for the test species. Five individuals of D.
pulex in 10 ml water and a 10-ml suspension of Scenedesmus
spp. (;100 mg/L chlorophyll) were exposed separately in a
15-ml culture tube. The test species were assayed in parallel
with a control (no contaminants added). Daphnia pulex was
assayed by recording the number of live specimens after each
day of exposure. The total chlorophyll (Chl) concentration of
the Scenedesmus spp. suspensions was quantified at 665 and
750 nm according to Marker et al. [20], using an ultravioletvisible spectrophotometer (Beckman DU 650; Fullerton, CA,
USA) equipped with a 10-mm (path length) flow cell.
Contaminant uptake and metabolism assays
Glyphosate-(glycine-2-14C) sodium salt (aqueous solution)
(Sigma Chemical, 7.4 mCi/mmol) and p,p9-DDE-ring-UL-14C
(toluene solution) (Sigma Chemical, 13 mCi/mmol) were used
to obtain the uptake pattern and BCF. Afterward, this information was used to assess the length of the pre-exposure and
of the grazing periods for the grazing experiment.
Five D. pulex in 10-ml water or 10-ml algal suspension
(;20 mg Chl/L for glyphosate, 100 mg Chl/L for p,p9-DDE)
were exposed in 15-ml culture tubes to a combination of glyphosate (10 mg/L) and 14C-labeled glyphosate (0.03 mg/L,
1,136 nCi) or to 14C-labeled p,p9-DDE (5 mg/L, 213 nCi).
Controls, without contaminants added, were assayed in parallel
with the treatments. Five replicate culture tubes were sampled
daily (scintillation counted) during 4 d of exposure to the
labeled compounds.
Daphnia pulex were fixed in the culture tube with Lugol’s
solution and transferred with a glass Pasteur pipette (carrying
a small water volume) to 6-ml scintillation vials and combined
with 0.2 ml of Beckman BTS-450 tissue solubilizer. The samples were digested at room temperature for at least 48 h following this; 4 ml of Beckman Ready Organic scintillation
cocktail was added to each sample with subsequent stirring.
One milliliter of the culture tube solution was mixed with 5
ml of Beckman Ready Safe scintillation cocktail to quantify
14C activity in the water.
The algae suspension (10 ml) was filtered onto a 0.45 mm,
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25 mm diameter, HAWP Milliporet (Bedford, MA, USA) filter.
Each filter was digested at room temperature for at least 48 h
in a 20 ml scintillation vial with one ml of Beckman BTS450. After digestion, 0.2 ml glacial acetic acid was added to
decrease the sample chemiluminescence. Fourteen ml of Beckman Ready Organic scintillation cocktail were added to each
sample with subsequent stirring. Samples of the water that
passed through the filter were collected, and one ml mixed
with 5 ml of Beckman Ready Safe scintillation cocktail.
All samples were stored in their respective cocktails for at
least 12 h before 14C activity was measured in a Beckman
Model LS 6500 scintillation counter, with color quench correction and error of less than 10% disintegrations per minute
(dpm). The counting efficiency was obtained from a quench
curve established from a set of 14C unquenched standards.
Once the uptake pattern of the contaminants was established
by this assay, the length of the pre-exposure and grazing periods of the grazing experiment (see below) was determined.
In parallel with the grazing assay, a small-scale experiment
was performed with the labeled compounds to determine their
fate during all steps of the assay. Across all assays, both organisms survived both contaminants to between 90 and 100%.

Preparation of cultures for grazing experiments
The general strategy was to pre-expose grazers to uncontaminated conditions (control animals), contaminated water,
and contaminated food, and then compare their performance
in assays with uncontaminated water and food.

Preparation of Scenedesmus spp. cultures
An inoculum of Scenedesmus spp. from the stock culture
was added to tap water to obtain approximately 2.5 L of approximately 100 mg Chl/L in each of three 5-L beakers used
for this procedure per contaminant. One beaker of each trio
was spiked with the contaminant (50 mg/L for glyphosate, 5
mg/L for p,p9-DDE) and the other two were not (Fig. 1). The
trios were incubated for 7 (glyphosate) or 4 (p,p9-DDE) d, and
stirred slowly by hand each day and repositioned with respect
to the light sources. The chlorophyll concentration was measured at the beginning and end of the incubation. A smallscale phytoplankton exposure assay in 100-ml beakers (1 replicate per treatment and per contaminant) was made with the
labeled compounds (glyphosate [50 mg/L] 1 14C-glyphosate
[0.03 mg/L, 1,136 nCi] or 5 mg/L 14C-p,p9-DDE [213 nCi])
and inoculated with Scenedesmus spp. at an initial density of
about 100 mg Chl/L. The cultures were incubated and treated
as described above for the pre-exposure experiment. The 14C
activity of the phytoplankton biomass and of the water was
measured after filtration at the beginning and end of the exposure period.

Pre-exposure of D. pulex
Up to 225 D. pulex from the stock cultures were added to
each of three feeding chambers that were positioned in 5-L
beakers containing 2.5 L of tap water. The feeding chambers
were constructed from rectangular 500-ml plastic jars, with a
plankton net fixed into the bottom and two walls (mesh size
150 mm). This allowed algae to enter the chamber from the
surrounding water and D. pulex to feed on them. For this
procedure, three beakers were used per contaminant. One of
the beakers was spiked with the contaminant, 50 mg/L glyphosate, or 5 mg/L p,p9-DDE (Fig. 1). The feeding chambers
were moved to beakers with the Scenedesmus spp. suspensions

Environ. Toxicol. Chem. 23, 2004

2643

Fig. 1. Schematic representation of bioassays with Scenedesmus spp.
and Daphnia pulex cultures. Preparation of Scenedesmus: A set of
three containers were inoculated at approximately 100 mg/L of chlorophyll (Chl). These assays lasted for 2 (p,p9-dichlorodiphenyldichloroethylene [DDE]) or 4 (glyphosate) days. The contaminants were
added to one of the containers each (contaminated water). Pre-exposure of D. pulex: 225 D. pulex were added to each of a set of three
feeding chambers that were placed inside containers filled with filtered
tap water. These assays lasted for 2 (p,p9-DDE) or 3 (glyphosate) d.
The contaminants were added to one container each (treatment via
water). The feeding chambers containing D. pulex were moved twice
a day (1.5 h each time) to the container prepared with Scenedesmus.
Grazing experiments: D. pulex from the pre-exposure assays were
moved to containers with uncontaminated Scenedesmus spp. at an
initial Chl concentration of about 100 mg/L. The assay was made with
five densities of D. pulex (8, 20, 40, 80, and 100 individuals/L).

twice a day for 1.5 h each time to allow the animals to feed.
Uncontaminated Scenedesmus was used to feed the animals
that were pre-exposed to contaminants dissolved in water, and
contaminated Scenedesmus was used to feed those pre-exposed
to the contaminants through the food. This feeding procedure
started on the fifth (glyphosate) or third day (p,p9-DDE) of
incubation and lasted for 3 d for glyphosate and 2 d for p,p9DDE.
A small-scale D. pulex exposure assay with labeled compounds was performed to test the possibility that any changes
in grazing efficiency were related to differences in body burden
of contaminants in D. pulex. Twenty-two specimens were kept
in a 50-ml glass beaker placed inside a 100-ml beaker containing 75 ml of filtered tap water. The inner beaker had three
holes (two in the walls and one in the bottom) covered by
plankton net (mesh size 150 mm, attached with glue) to allow
algae to enter from the surrounding water. This small-scale
assay was made as the pre-exposure assay described above,
with three replicates used for each treatment and contaminant.
The 14C activity of D. pulex and of the assay water was measured at the beginning and end of the exposure period.

Grazing experiments
Specimens of D. pulex from the pre-exposure assay were
added to 250 ml of filtered tap water in 1-L glass jars and
inoculated with uncontaminated Scenedesmus spp. at approximately 100 mg Chl/L. The chlorophyll content of the water
was measured before the animals were added (No) and at the
end of the assay (Nf). The net growth rate (r) was calculated
for each replicate according to r 5 ln(Nf /No)/Dt, where Dt was
the duration of the assay in days [21]. The relative change in
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algal biomass was calculated as Dr 5 r2 2 r1, where r1 and
r2 are the net growth rates for D. pulex density 1 and 2. Five
densities of D. pulex (8, 20, 40, 80, 100 individuals/L) were
used, with three replicates per density and treatment each time
the assay was made (batch). At least two batches were made
per contaminant. In this way, 15 jars were used to observe
grazing by D. pulex pre-exposed to uncontaminated water, 15
jars were used with D. pulex pre-exposed to glyphosate or
p,p9-DDE dissolved in water, and 15 jars with D. pulex preexposed to Scenedesmus spp. contaminated with glyphosate
or p,p9-DDE (Fig. 1). The relative net growth rates (See Statistical analyses section) were plotted versus the densities of
D. pulex for each treatment. The slope of the linear regression
expressed the grazing rate, and the intercept expressed the in
situ algal growth rate in the absence of grazers.
The assay lasted for 4 d, and the jars were stirred daily by
hand and repositioned randomly. At the end of the assay, the
health condition and the number of live animals were recorded.
Specimens were preserved with Lugol’s solution for subsequent length measurements.
A small-scale grazing experiment was performed in parallel
with the main experiment. Seven individuals of D. pulex were
used from each of the nine replicates of the small-scale preexposure experiment (three replicates per treatment per contaminant). They were transferred to 100-ml beakers with 75
ml of filtered tap water inoculated with Scenedesmus spp. at
approximately 100 mg Chl/L. The assay lasted for 4 d. The
14C activity was measured in the water, D. pulex, and Scenedesmus spp. at the end of the assay.
Calculations of body burden of the contaminants in both
phytoplankton and zooplankton were done based on specific
activity (mCi/mmol), molecular weight of the labeled compounds (mg/mmol), and average dry weight (dry wt) of the
filtered algal suspension (10 ml at different Chl concentrations)
and five D. pulex (estimations from length). The dry weight–
based bioconcentration factors (BCFd) were calculated as (dpm
in tissue/weight of tissue [g])/(dpm in water/ml of water) and
measured at steady state conditions.

Statistical analyses
The algal net growth rate of the control varied from one
batch to another. In order to compare results from different
batches, we calculated a dimensionless relative net growth rate
in the following way: Within each batch, each net growth rate
(from the various treatments) was divided by the maximum
net growth rate found in that batch. A confidence interval (95%
probability) was used to delimit treatment data that was amenable to a statistical comparison. Normal distribution of data
and homogeneity of variances were evaluated with Kolmogorov-Smirnov test and Levene’s test, respectively. The observed differences between the control and contaminant treatments were evaluated by a one-way analysis of covariance,
using density of D. pulex as the covariate, and using the interaction between treatment and density to test for the homogeneity of the slopes. All possible pairs of regression lines
were compared and the significance of the regression between
the relative r and density was assessed for each treatment and
pesticide. All statistical tests were done with SPSSt for Windows 9.0.1 (Chicago, IL, USA).
RESULTS

The inverse linear relationship between the net growth rate
of Scenedesmus spp. and the density of D. pulex, expressed
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Fig. 2. Inverse linear relationship between the relative net growth rate
of Scenedesmus spp. and density of Daphnia pulex. The slopes of
the regression lines were estimates of the grazing efficiency (A) Daphnia pulex pre-exposed to 5 mg/L of p,p9- dichlorodiphenyldichloroethylene (DDE) via water ( y 5 20.009x 1 0.9001, r2 5 0.88) compared
to D. pulex pre-exposed under uncontaminated conditions (control; y
5 20.013x 1 0.9310, r2 5 0.84) and (B) D. pulex pre-exposed to
Scenedesmus spp. contaminated with 50 mg/L of glyphosate (glyphosate via Scenedesmus spp.; y 5 20.007x 1 0.9646, r2 5 0.70)
compared to D. pulex pre-exposed under uncontaminated conditions
(y 5 20.012x 1 1.0478, r2 5 0.97). Means (2–4 replicates) and 95%
confidence interval of the regression lines that showed significantly
different slopes are given. Daphnia pulex pre-exposed to p,p9-DDE
via Scenedesmus spp. (y 5 20.013x 1 0.9836, r2 5 0.69) and to
glyphosate via water (y 5 20.013x 1 1.0265, r2 5 0.82), were parallel
to slopes of regression lines of their respective controls (data not
shown). CI 5 Confidence interval.

by significant negative slopes of the regression lines (Fig.
2A,B; Density, Table 1), was taken as an estimator of grazing.
In general, slopes for the control were steeper than for the
treatments (Fig. 2A,B), suggesting that grazing became less
efficient in D. pulex that were pre-exposed to the contaminants.
The loss of efficiency was significant for D. pulex pre-exposed
to p,p9-DDE via water (;30% compared to the control) and
to glyphosate via Scenedesmus spp. (;40%) (Table 1, treatment·density). Hence, as a consequence of impaired grazing,
the relative algal biomass increase (DrT/DrC·100, where T 5
treatment and C 5 control) was larger for p,p9-DDE (70%)
than for glyphosate (60%). The y-intercepts, which are estimates of the net growth rate in absence of grazers, of the
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Table 1. One-way analysis of covariance of the effects of p,p9-dichlorodiphenyldichloroethylene (DDE) and glyphosate on the grazing efficiency
of Daphnia pulex. The density of D. pulex was used as covariate and the relative net growth rate of Scenedesmus spp. as the dependent variable.
The y-intercepts (treatment), the significance of the linearity of the response of the dependent on the independent variable (density), and the
homogeneity of slopes (treatment·density) between relevant pairs of regression lines (control vs treatments) were tested at a significance level
of 5% (p 5 0.05)
Control vs treatment

p,p9-DDE

Glyphosate

Source of variation

Water

Scenedesmus spp.

Water

Scenedesmus spp.

Treatment
Density
Treatment·density

p 5 0.793
p K 0.050
p 5 0.015

p 5 0.812
p K 0.050
p 5 0.758

p 5 0.849
p K 0.050
p 5 0.499

p 5 0.280
p K 0.050
p 5 0.001

control and the treatments statistically were indistinguishable
(Table 1, treatment). This was expected, because the algae used
in the treatments had not been exposed to contaminants and
were sampled from the same population as the control. The
Levene’s test reported a low level of significance ( p 5 0.131–
0.678) for all data groups, meaning that the dependent variable
was measured with the same error for control as for treatments.
The error terms from the significantly different pairs of treatments were distributed normally ( p 5 0.200 in KolmogorovSmirnov test).
The data from the parallel small-scale experiment with 14Clabeled contaminants showed that D. pulex took up p,p9-DDE
and glyphosate from water as well as from Scenedesmus spp.
(Fig. 3A,B; Table 2) and were carrying orders of magnitude
higher concentrations of contaminants than the controls at the
end of the grazing period. At the end of a period of preexposure to the contaminants via water, D. pulex had an average of 71 mg/g (dry wt) of p,p9-DDE and 50 mg/g (dry wt)
of glyphosate (Table 2). The concentrations were at least 50%
less when the pre-exposure was via Scenedesmus spp. (Table
2). Scenedesmus spp. took up less glyphosate (39 mg/g dry
wt) and p,p9-DDE (30 mg/g dry wt) than D. pulex.
The length of the pre-exposure and grazing intervals were
based on the pattern of uptake of the labeled pesticides in the
separate culture tube experiments (Fig. 4A,B). The p,p9-DDE
concentration peaked in Scenedesmus spp. within 12 h of exposure (Fig. 4A), corresponding to BCFd 5 19,989, and then
declined within the next 36 h. The uptake of glyphosate (Fig.
4B) was slower and 3 to 4 d were required to reach a peak
(BCFd 5 2,000). These observations suggested that 2 d of
exposure to p,p9-DDE and 4 d to glyphosate were sufficient
before the cultures were used to expose D. pulex. The p,p9DDE concentration (BCFd 5 69,394) in D. pulex reached an
equilibrium within 12 h and the glyphosate concentration
(BCFd 5 2,200) within 2 to 3 d (Fig. 4A,B). Accordingly, D.
pulex were pre-exposed to p,p9-DDE for 2 d and to glyphosate
for 4 d before the grazing experiment started, and the grazing
period was limited to 4 d.
DISCUSSION

Although the genus Daphnia is recognized for its high rates
of filtration of phytoplankton [6,22,23], the grazing rates realized in our assays (and in the enclosures used by Lehman
and Sandgren [21]) would have only a marginal impact on the
net growth rate of phytoplankton, unless the density of grazers
is high (e.g., .40 individuals/L). Our results give strong support for the assumption of a linear and negative relationship
between the density of D. pulex and the net growth rate of
Scenedesmus spp. However, the slopes of the regression lines

Fig. 3. 14C-p,p9-dichlorodiphenyldichloroethylene (DDE) (A) and 14Cglyphosate (B) (disintegrations per minute [dpm]) in tissue of Scenedesmus spp. after exposure via water and in tissue of Daphnia pulex
after exposure via water or via Scenedesmus spp. were exposed for
2 (p,p9-DDE) or 4 (glyphosate) d. D. pulex were exposed (See Preexposure of D. pulex section) for another 2 (p,p9-DDE) or 3 (glyphosate) d to contaminated water or Scenedesmus. D. pulex were then
moved to graze on uncontaminated Scenedesmus spp. between day 4
and day 8 (p,p9-DDE) and day 7 and 11 (glyphosate). Average values
of three replicates and standard deviations (error bars) are given.
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Table 2. Average body burdens (three replicates) in Daphnia pulex and in Scenedesmus spp. after 2 d of exposure to 14C-p,p9dichlorodiphenyldichloroethylene (DDE). Calculations were made based on a specific activity of 13 mCi/mmol, molecular weight 5 318 mg/
mmol, the average weight of five specimens of D. pulex (90 mg, dry wt), and the average weight of 10 ml of Scenedesmus spp. suspension (950
mg, dry wt)
Test organism

Daphnia pulex
Treatment via water
Treatment via Scenedesmus spp.
Scenedesmus spp.
a

dpma
in tissue

mCi

mmol
p,p9-DDE

mg
p,p9-DDE

mg/g

573
256
2,542

2.6 3 1027
1.2 3 1027
1.2 3 1026

2.0 3 1028
9.0 3 1029
8.9 3 1028

6.4 3 1023
2.8 3 1023
28.3 3 1023

70.8
31.6
29.8

dpm 5 Disintegrations per minute.

were shallow and, for the differences between the control and
treatments, significance was produced by the impact of the
higher densities of D. pulex. By converting the phytoplankton
growth rates in our study to the dimension/d, and the densities
to mg/L (144–1,800) and then multiplying the resulting slopes
(0.0001–0.0003/mg d) by the average density, we obtained
average grazing rates of 20.089 to 20.178/d; these are more

Fig. 4. Uptake of 14C-p,p9-dichlorodiphenyldichloroethylene (DDE)
(A) and 14C-glyphosate (B) in Scenedesmus spp. and Daphnia pulex.
The organisms were exposed in 15-ml culture tubes to the contaminants via water for 48 h (p,p9-DDE) and 4 d (glyphosate). The initial
activity in the water was 427 6 57 dpm for p,p9-DDE and 2,471 6
41 disintegrations per minute (dpm) for 14C-glyphosate. Average values and standard deviations (error bars) of five replicates are given
in percentage of the initial activity in water.

or less comparable to those from the 98 enclosures in Lehman
and Sandgren [21] (average 20.053, standard deviation 0.159).
The grazing rates in our controls obviously were rather high,
possibly reflecting maximum biomasses that were twice as
high as in most of the enclosures of Lehman and Sandgren
[21], but still within one standard deviation of their mean.
The comparison here suggests that the densities of D. pulex
used in the assays were representative of the range found in
lakes and were large enough to allow detection of the impact
of contaminants through grazing effects. The influence of contaminants, through grazing effects, on phytoplankton growth
may be possible to observe only at relatively high grazer densities.
The reduced grazing efficiency observed in D. pulex preexposed to p,p9-DDE via water and pre-exposed to glyphosate
via Scenedesmus spp. was associated with the treatments that
gave the highest body burden of p,p9-DDE (70 mg/g dry wt)
and the lowest of glyphosate (13 mg/g dry wt). Similar body
burdens of p,p9-DDE (80 ppm dry wt) are known to cause
thinning of shells in kestrel and peregrine eggs [18], and sublethal levels in the diet (10–100 mg/g) can impair reproductive
behavior in guppies [24]. Insecticides, at concentrations below
LC50, are known to reduce the movement of filter-feeding
appendages, disrupt body coordination, and even cause immobility in zooplankton, leading to reduced filtration and/or
ingestion of algal cells [11,16,17,25].
Aquatic organisms usually have much lower body burdens
of glyphosate than those reported in this study [26,27]. However, glyphosate toxicity did not seem to cause the reduced
grazing rate observed; we came to this conclusion because D.
pulex pre-exposed via water had a higher body burden of glyphosate (50 mg/g dry wt) than those exposed via Scenedesmus
spp. (13 mg/g dry wt), yet the lower level caused a greater
reduction in grazing effect. A more likely explanation for this
pattern of results is that Scenedesmus spp. growth was enhanced by excretions from D. pulex [28] (of glyphosate or its
degradation products) that had been pre-exposed to glyphosate-contaminated Scenedesmus spp. During the assay, the body
burden of glyphosate in D. pulex decreased from 13 mg/g at
the beginning to 3 mg/g at the end, corresponding to a final
glyphosate concentration in the assay solution of approximately 20 mg/L (2 mg/L N and 4 P). This is a concentration
that has been shown to stimulate growth, photosynthesis, and
chlorophyll-a synthesis in Scenedesmus quadricauda (potential bottom-up effect), probably as a result of its nitrogen or
phosphorus content [29]. Further, the resulting biomass increase may slow down the filtering rates of cladocerans
[30,31]. D. pulex pre-exposed via water also excreted glyphosate; the body burden decreased from 50 mg/g to 10, cor-
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responding to approximately 75 mg/L glyphosate (6 mg/L N
and 13 P) in the assay solution. The absence of a grazing effect
at this higher glyphosate concentration has support in the observations by Wong [29], who noted that 200 mg/L of glyphosate had no influence on the chlorophyll-a content of S.
quadricauda.
A review on freshwater cascading made by Brett and Goldman [13] showed that zooplanktivorous fish decreased zooplankton biomass by 29%, correspondingly increasing phytoplankton biomass by 176% (range from 38–711%) of the
control values. Many of the studies used fish abundances that
were higher than those commonly found in similar lakes. In
comparison, xenobiotics such as DDT, diflubenzuron, and esfenvalerate, used at concentrations above the LC50 for zooplankton, decreased zooplankton populations by 70% (range
50–85%) with an increase in phytoplankton biomass of 230%
(range 210–260%) [9,32,33]. The trophic level ratios of biomass effects, 6 (176/29) for zooplanktivorous fish and 3 (230/
70) for contaminants, suggest that contaminants have at least
half the impact, compared to zooplanktivorous fish, in causing
cascading effects. Variations in cascading effects, to some extent, reflect variations in biological characteristics of the dominating zooplankton (e.g., large vs small species and individuals) or phytoplankton (e.g., edible green algae vs colonial
cyanobacteria) [13,14]. For instance, the genus Daphnia has
a larger impact on phytoplankton biomass than many other
zooplankton genera (e.g., rotifers) [13,14].
Grazing efficiency in D. pulex was more sensitive (153
for glyphosate and 33 for p,p9-DDE) as an ecotoxicological
endpoint than the 48-h LC50 for glyphosate (780 mg/L, [34]),
and our estimated 48-h LC50 for p,p9-DDE (13.5 mg/L) (lacking data on p,p9-DDE LC50 for Daphnia spp., we estimated
it from linear correlations for p,p9-DDT [k1 5 15] and p,p9DDD [k2 5 7.6] between LC50s for fish and Daphnia spp.
Once k1 and k2 were known, we calculated a slope k3 [k1 1
k2/2] for p,p9-DDE. The average LC50 for D. pulex was extrapolated from k3 using averaged reported p,p9-DDE LC50
for fish. The calculated LC50 was compared and found to agree
with the observed survival of D. pulex at different concentrations of p,p9-DDE in the assays). Median lethal concentration
is a logical first, fast, and cheap endpoint for acute toxicity
assessment and can be used to rank toxicity of substances
whose mechanisms of action may be quite different [35,36].
Compared to LC50s, behavioral changes may be more sensitive and may anticipate reductions of survival, growth, and
reproduction; further, they become apparent at shorter exposure durations and at lower contaminant concentrations
[16,17,37]. For example, the increased swimming activity in
D. pulex at sublethal concentrations of the insecticide carbaryl
(one-fifth of its 48-h LC50) seems to increase the vulnerability
of specimens to predation and reduce their body size by allocating energy away from growth [37]. More generally, for
filter feeders there are two consequences of a decreased grazing
efficiency. First, the current produced by movement of the
thoracic appendages, in addition to feeding, subserves respiration, and it is essential that filtration continues even if food
is not going to be collected. Second, there is a threshold concentration of food that must be ingested for an individual to
fulfill its basic metabolic needs [12].
The BCFds for p,p9-DDE in this study were similar to those
reported by Verschueren [8] for different organisms, and this
is most likely attributed to the high Kow of p,p9-DDE [38]. The
glyphosate BCFds that we observed were lower than for p,p9-
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DDE, but were higher than expected from its low Kow. However, higher-than-expected BCFds are known for other substances with negative log Kow, such as methanol, ethyl acetate,
and urea [39]. It is possible that these substances are taken up
rapidly and then metabolized. We also observed a biodilution
of both contaminants, that is, a reduction in contaminant concentration per unit weight during uptake from Scenedesmus
spp. (Fig. 4A). This phenomenon has been reported by some
authors [40,41] and mainly is attributed to high growth rates
and slow partitioning of compounds between water and phytoplankton.
The bioassays demonstrated that the insecticide metabolite,
p,p9-DDE, at concentrations above ambient levels, increased
the primary producer biomass through cascading by releasing
the top-down control exerted by zooplankton. Similarly, the
herbicide glyphosate increased phytoplankton biomass, probably by a combination of cascading and bottom-up control.
The mixed effects of glyphosate on the bioassay system call
for a more detailed evaluation of its mode of action on trophic
interactions of varying complexity. Though grazing assays like
the one described here are laborious and critically dependent
on assay conditions, they help to elucidate secondary effects
of contaminants on community processes (e.g., biological interactions) that would escape detection by other ecotoxicological endpoints.
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Abstract
The exploration of the relationships between ecosystem processes and
diversity has venerable roots in ecological research and may be used to understand the
dynamics in responses to contaminants. We varied algal diversity (i.e., the number of
species) and the concentration of the herbicide glyphosate and the organophosphate
insecticide fenthion to test for effects of combinations of them on community
productivity. Communities with different number of Chlorophyta species (2, 4, 8 and
16) but the same total initial biomass were exposed to three concentration levels of the
herbicide and of the insecticide during 7 days in laboratory bioassays. Productivity
increased in all communities, especially in the exposed to glyphosate in a positive
dose–dependent fashion probably explained by its potential use as a nutrient source,
while the fenthion assay had no general pattern for the ranking of productivities
among control and treatments. The most replicated trajectory of the relationship
between diversity and productivity for our communities was unimodal (concave)
regardless of species composition, and hence composed by an ascending part that
peaked at a diversity of 4 spp. with potential to be between 4 and 7 spp., and a
descending part that usually ended at the highest diversity (16 spp.), but in some
instances either saturated or saturated and continued decreasing. Pesticides, in general,
did not greatly change the trajectory of the relationship but its amplitude, which
implies an impact on the magnitude of the effect of diversity on productivity. For
example, the herbicide glyphosate produced a sharpening in the relationship given
that acted as a nutrient source and hence subsidized productivity at almost all assayed
concentrations, and sometimes acted as a provoker (at 1 mg L-1) or as a buffer (at 50
mg L-1) for competition. Fenthion only impacted the effect of diversity on
productivity at concentrations between 100 and 1000 µg L-1. However, in two batches
we observed idiosyncratic convex relationships with different amplitudes, after the
replacement of a single species (Cosmarium botrytis) in both batches probably
mediated by competitive effects of bacteria associated to this alga, and after
hyperdominance by Chlorella fusca. These two hidden treatments highlighted the
potential important role of algae-bacteria associations and dominance on the
magnitude and complexity of the community response to changing diversity. Niche
complementarities, competition, and co-existence (redundancy) might provide
mechanistical explanations to the observed hybrid patterns of positive, negative and
asymptotic parts of the relationship, and explain the nature and strength of the
operative species interactions. Species composition, on the other hand, did make an
impact in the level of productivity reached in the communities, hence affecting the
amplitude of the relationship diversity–productivity but not its trajectory. In general,
our results suggest that declining and augmenting diversity within a community may
result in local changes in productivity that might be enhanced or buffered by
pesticides.
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Introduction
The characterization of species assemblages has a long history in
environmental assessment and has helped to gain many insights about the impact of,
for example, nutrient enrichment and xenobiotics, on the intermediate complex
hierarchical level represented by communities (Schindler, 1987; Ford, 1989; Clements
and Newman, 2002; Stevenson and Smol, 2003). Usually, two kinds of community
attributes are monitored. One is structural attributes, such as taxonomic composition,
diversity, and similarity of species composition (Sheehan, 1984; Stevenson and Smol,
2003), which has received most attention (Pratt and Cairns, 1996; Cairns et al., 2003).
The other is functional attributes, such as net primary productivity, transformation
rates (e.g., nutrient cycling), and recovery rates after stress (i.e., resilience) (Sheehan,
1984; Levine, 1989; Cairns et al., 2003). There is an increasing appreciation that
functions of communities may contain important descriptors of effects of
contaminants, especially after they are described to the general public as services
(Pratt and Cairns, 1996; Cairns et al., 2003).
The idea to test the relationship between diversity and functioning has
venerable roots in ecology (Darwinian) and has inspired research for more than 150
years (Loreau et al., 2001; Naeem et al., 2004; Hector and Bagchi, 2007). The first
approach to the relationship attempted to explain large-scale (between sites) variation
in diversity by factors such as productivity, climate or disturbance regime (Bengtsson
et al., 2004). The second approach, the most recent one (1990’s), has turned the
diversity-productivity question around, and productivity is the response (dependent
variable) rather than the independent variable (Bengtsson et al., 2004). It examines if
a variation in diversity at single sites affects productivity. However, the motivation
and intent of early research with this second approach were centred on agroecological efforts to improve yield through intercropping (Trenbath, 1974;
Vandermeer, 1989; Naeem et al., 2004). The recent interest in the topic is due to the
realization that sustained loss of biodiversity might affect ecosystem functioning and
services to humans (Hector and Bagchi, 2007).
The central question about the relationship between biodiversity and
ecosystems functioning is how the shape of the trajectory might look like for a
particular function for a given variation in biodiversity, for example, due to local
extinction (loss) or invasion (augmentation) (Naeem et al., 2004). Over 50 different
hypotheses have been put forward to associate ecosystem consequences to
biodiversity changes, partly overlapping and not mutually exclusive (Giller and
O'Donovan, 2002; Naeem et al., 2004). Three core ideas can be identified from the
hypotheses: i) species are primarily singular (i.e., each species makes unique
contributions), ii) species are primarily redundant (i.e., not all species matter), and iii)
species impacts are context–dependent and therefore idiosyncratic (i.e., species
identities rather than diversity matters) (Naeem et al., 2004). Initial explanations for
the effects of plant species diversity on plant production were based on plant resource
use models and focused on competition for resources and niche complementarity as
the main mechanisms explaining their relationship (Tilman et al., 1997; Loreau,
1998). The modern approach treats these effects as the result of multiple causes that
include sampling (selection effect) in the sense that more diverse mixtures have a
higher probability of containing species with extreme traits which could become
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dominant and drive ecosystem functioning, facilitation, and perhaps other causes
(Naeem et al., 2004).
The relationship between structural and functional properties of a community
is a classical challenge in basic disturbance ecology that has been undertaken by
ecotoxicology to understand the dynamics in responses to contaminants (Sheehan,
1984; Levine, 1989; Pratt and Cairns, 1996; Clements and Newman, 2002).
Predictions and empirical evidence suggest that structure (e.g., species richness)
promptly responds to a number of stressors with a reduction or a shift in species
assemblages (Odum, 1985; Schindler, 1987). In spite of the usually strong
relationship between species richness and function, some functional changes are
difficult to detect and unpredictable due to high variability and complexity (e.g.,
indirect effects) compared to changes in structure (Schindler, 1987; Levine, 1989;
Pratt and Cairns, 1996). It is generally expected that structural attributes (diversity)
would be more affected by contaminants than processes due to the so called functional
redundancy (Schindler, 1987; Levine, 1989; Pratt and Cairns, 1996), which means
that different species perform the same function so that changes in species diversity
does not affect functioning (Loreau, 2004).
Generalizations about the response of primary production processes to
pesticides are nearly impossible, because productivity is either stimulated or
depressed depending on the type of pesticide, its concentration, and a number of other
factors (Sheehan, 1984). For example, the versatile herbicide glyphosate has a broader
utility as a growth regulator (Baylis, 2000) and is known to produce stimulatory
effects in primary producers when dosed at low concentrations (Wong, 2000;
Cedergreen et al., 2007; Velini et al., 2008). Fenthion, a hydrophobic
organophosphate insecticide, which is acutely toxic to insects at µg L-1 levels (Yeh
and Chen, 2006), is expected to affect algae only at high concentrations (> 1 mg L-1)
(USEPA, 1998; Yeh and Chen, 2006).
The objective of our study was to examine the impact of the herbicide
glyphosate and the insecticide fenthion on the diversity–productivity relationship of
species assemblages of the algal class Chlorophyceae. To accomplish this objective,
we varied the number of species and the concentration of pesticides in experiments in
which the impact on community productivity was assayed. To our knowledge, this is
the first attempt to clarify the impact of pesticides on this relationship on a bivariate
plane. As working hypotheses, we expected i) a positive asymptotic relationship
between the number of species and community productivity based on the paradigm
system “the mesic grasslands” (Tilman et al., 1997; Bengtsson et al., 2004), ii) that
productivity would be stimulated by exposure to a low concentration of glyphosate,
and reduced by higher concentrations affecting susceptible species, and iii) that
exposure to fenthion at lower concentrations would not affect productivity, but higher
concentrations.
Materials and methods:
Test algae
The 17 freshwater green algal strains (Appendix, Table 1) used in the
experiments were obtained from the culture collection of algae at the University of
Texas (http://www.bio.utexas.edu/research/utex/) and belonged to the class
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Chlorophyceae. Five strains were not axenic, for example, the ones having the prefix
B in their strain designation number. The stock cultures were grown in batches in
filter-sterilised (0.22 µm, 47 mm Ø, GSWP Millipore filter) culture medium (USEPA,
1993) at 22 ± 2 ºC in 1 L Erlenmeyer flasks under continuous cool-white fluorescent
light (2 lamps × 40 W) of 75 µE m-2 s-1 intensity and continuous aeration by
diaphragm air pumps (Elite 802, China). Originally, we planned to use 29 species, but
since not all of them could grow satisfactorily (contaminated or unhealthy) in the
USEPA culture medium (USEPA, 1993), we finally selected the 17 species listed in
Table 1. The exponential phase of growth of the cultures was estimated from their
chlorophyll content. Once it was reached, the culture was immediately stored at 4 ºC
to allow sedimentation and preservation until all the cultures were ready for an
experimental batch (each time each experiment was made). The communities were
composed from 5 to 7 days old concentrated cultures of similar chlorophyll content.
Purity and good condition of each culture was verified before each experimental batch
by observation of integrity of cell walls and chloroplasts on glass slides at 40× using a
Leitz Laborlux D (Germany) compound microscope. The total chlorophyll content
(Chl) was analyzed according to (Jespersen and Christoffersen, 1987), and it was
quantified in an ultraviolet-visible (UV-Vis) spectrophotometer (PerkinElmer Lambda
35, Shelton, CT, USA) equipped with a 10-mm path length flow cell with spectral
bandwidth of 0.5 nm. In the majority of the experiments, another UV-Vis
spectrophotometer (Varian DMS 80, Australia) was used until we realized that the
equipment was underestimating the chorophyll content by a factor of four.
Chemicals
Glyphosate (IUPAC name: N-(phosphonomethyl)glycine) was purchased from
Sigma (P5671, 95%). It is a non-selective, systemic herbicide, which inhibits the 5enolpyruvylshikimate-3-phosphate synthase (EPSP), an enzyme of the aromatic
amino acid biosynthesis pathways, preventing the synthesis of proteins (Tomlin,
1997)(Tomlin 1997). Many physicochemical and physiological processes in primary
producers are affected by glyphosate, e.g., photosynthesis and chlorophyll synthesis
(Baylis, 2000). A stock solution (5000 mg L-1) was prepared in deionised water and
aliquots added to the experimental water (see below) at the onset of the experiments at
nominal concentrations of 1 (Gly I), 10 (Gly II) and 50 (Gly III) mg L-1. The three
levels used for the experiments were selected based on doses reported to be close to
the EEC (Expected Environmental Concentration ≈1.5 mg L-1) (Battaglin et al., 2005)
for aquatic exposure, No Observed Effect Concentration (NOEC=11 mg L-1) and the
effective concentration required to reduce the endpoint of interest by 50 % (EC50=50
mg L-1) in the standard algal test species Pseudokirchneriella subcapitata formerly
known as Selenastrum capricornutum Printz (USEPA, 2000).
Fenthion
(IUPAC
name:
O,O-dimethyl-O-[4-(methylthio)-m-tolyl]
phosphorothioate) was purchased from Supelco (PS-655, 98.5%). It is an
organophosphate insecticide with contact, stomach and respiratory action, used to
control insects in public health situations and in houses (especially as mosquito
adulticide), and in the control of animal ectoparasites (Tilman et al., 1997). A stock
solution (2300 mg/L) was prepared in methanol and aliquots added to the
experimental water at nominal concentrations of 10 (Fen I), 100 (Fen II) and 1000
(Fen III) µg L-1. The mixture was homogenized before each experiment by overnight
magnetic stirring. The three levels used for the experiments were selected based on
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doses reported to be close to the EEC (0.1–15 µg L-1), NOEC of the most sensitive
algal species (200 µg L-1), and EC50 of the most tolerant algal species (1100 µg L-1)
(USEPA, 1998). The mixture was homogenized before each experiment by overnight
magnetic stirring.
The experimental water came from the moderately polluted well La Mora in
the Chinandega province, Nicaragua. It was passed through 47 mm Ø Whatman GF/C
glass microfibre filters (Maidstone, England) and amended with NaHCO3 (300 mg L1
) as a carbon source. The pH was adjusted to ~ 7 with 0.1 N HCl to resemble the
original pH of the water. The electrolytic conductivity was 670 µS cm-1, alkalinity and
total hardness were 250 and 140 mg L-1 respectively, and the nutrient content was 3
mg L-1 NO3–N, and 80 µg L-1 PO4–P.
Experimental design
Communities (assemblages) with different numbers of algal species, selected
along a log2 species numbers gradient (2, 4, 8 and 16) but with the same initial total
chlorophyll content (ca. 200 µg Chl L-1), were exposed to three pesticide
concentration levels (I, II, and III) during 14 days (Appendix, Table 2). Control
communities were assembled without pesticides added, but for the fenthion bioassays,
they contained a small amount of methanol. In general, four replicates were made for
each pesticide concentration and species mixture (64 samples per batch), except for
the glyphosate batches II and III, where only two replicates were prepared (32
samples per batch). The cultures were kept in 250 ml Erlenmeyer flasks capped with
parafilm at 20 °C ± 2 °C, a light cycle of 14:10 (irradiance ~ 30 µE m-2 s-1), and with
orbital agitation at 100 rpm (Lab-line Instruments Inc., USA). The flasks were stirred
by hand once a day and randomly repositioned according to the light supply. Samples
for chlorophyll and phytoplankton counting were taken at days 0, 7 and 14.
The communities with fewer than 16 species were composed by sampling
from the community with the next larger number of species (Fig. 1). To assemble the
8 species communities in the batches I, II of glyphosate and the first of fenthion, eight
out of the ten genuses available were selected. Among genus with more than one
species, a random sampling was made within the genus. Two characteristics were
considered for assembling communities with 2 and 4 species (i.e., Glyphosate I, II):
genus representativeness and expected glyphosate tolerance/susceptibility (from few
reports available) (Appendix, Table 2). For example, to assemble the 4 species
communities we selected 2 susceptible species (susceptible to intermediate) and 2
tolerant species (intermediate to tolerant), which belonged to a different genus. In
general, intermediate susceptibility was assumed when no information about
susceptibility or tolerance of a species was available. In the case of fenthion, fewer
observations on tolerance/susceptibility were available for phytoplankton, and the
same species as in the glyphosate batches were selected for the assemblages. The
communities in the second batch of fenthion and the third of glyphosate were
composed from the species that were not used in the composites of 2, 4 and 8 species
of the first batch of fenthion and the second of glyphosate and randomly assembled.
However, the species used in the 2 species assemblages of the second batch of
glyphosate were different to the ones used in the other two subgroups of two species
assemblages (Appendix, Table 2). The first glyphosate batch distinguished itself by
the presence of Chlamydomonas reinhardtii (CIRA 6) that was replaced by
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Cosmarium botrytis (CIRA 12) in the subsequent batches (Tables 1 and 2) after heavy
contamination of the former stock culture. The glyphosate batches II and III were the
only ones performed at the same time, and shared their 16 species assemblages.

16 species pool (availability)
(~12.5 µg L-1 Chl/species, Σ ~ 200 µg L-1)

8 species (genus representativeness)
(e.g., Ankistrodesmus, Chlamydomonas, Chlorella, Coelastrum,
Kirchneriella, Pediastrum, Scenedesmus, Tetraedron
(~25 µg L-1 Chl/species, Σ ~ 200 µg L-1)
4 species (genus representativeness + glyphosate
tolerance/susceptibility)
(e.g., Ankistrodesmus, Chlamydomonas, Chlorella, Pediastrum)
(~50 µg L-1 Chl/species, Σ ~ 200 µg L-1)

2 species (genus representativeness + glyphosate
tolerance/susceptibility)
(e.g., Ankistrodesmus, Chlorella)
(~100 µg L-1 Chl/species, Σ ~ 200 µg L-1)

Figure 1. Schematic representation of the assemblage of communities based on genus
representativeness and expected glyphosate tolerance/susceptibility. The communities
were assembled with different numbers of algal species selected along a log2 richness
gradient, but with the same initial total chlorophyll content (ca. 200 µg L-1 Chl). The
contribution of Chl per species decreased gradually with the increase of the number of
species in the communities (e.g., from 100 to 12.5 µg L-1).

Phytoplankton counting
Samples for phytoplankton counting were fixed with Lugol’s acetic-acid
solution, stored in the dark at room temperature, diluted if needed, and settled (3 h per
cm of chamber height) in Utermöhl sedimentation chambers of different volumes,
depending on algal density. One or two vertical or horizontal stripes (ca. 120 fields of
view/stripe) were observed at a magnification of 100× using an Olympus CK-40
(Japan) inverted microscope, and the number of cells of each species enumerated
(Utermöhl, 1958). The population density (cells L-1) of each species was calculated
from counted cells and a factor, which included counted area, sedimented volume and
% dilution. Cell volumes (biovolumes, µm3) were calculated using the nearest
geometrical shape (e.g., adapted sphere, inverted trapezoid, rotational ellipsoid,
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cylinder or parallelepiped) that approximated the organism’s shape (APHA-AWWAWEF, 1999). At least five cells of the more common sizes were measured to obtain
mean biovolume per species.
2.5 Data expression and calculation
Productivity of an assemblage was measured as NPP (net primary
productivity), calculated as the rate of net chlorophyll accumulation after 7 and 14
days of incubation, and expressed in terms of µg chlorophyll day-1.
Results
Productivity increased in all assembled communities in the first seven days of
incubation and then declined (15% – 5×). Therefore, the analysis here was limited to
data for the first seven days representing conditions for growth. The communities
exposed to glyphosate were generally more productive (10–100 %) than their controls
in a positive dose–dependent fashion, while the fenthion assay had no general pattern
for the ranking of productivities among control and treatments (Figs. 2 and 3).
Productivity levels were in average higher in the glyphosate batch I (50–140 µg Chl
day-1, Fig. 2) compared to the ones calculated for the subsequent batches (15–90 µg
Chl day-1, Figs. 2, 3), probably due to the influence of the replacement of C.
reinhardtii by C. botrytis. The levels of productivity reached by the less productive
assemblages in the glyphosate batch III and the fenthion II (2 spp.) (Fig. 2) were ~ 4×
lower than their analogs in the glyphosate batch II and fenthion I.
The four species assemblages were the most productive in three of the five
batches in spite of their different species composition (Fig. 2). This implies that the
relationship between diversity and productivity for these batches was hump-shaped
(concave), with an ascending part that peaked at a diversity of 4 species followed by a
descending part that usually ended at the highest diversity (16 species). Only the Gly
III assemblages in the batch III followed the expected positive asymptotic relationship
between diversity and productivity with the saturation point situated at 4 spp., while
the controls, and Gly I and II treatments in the batch I had the idiosyncrasy of
presenting the expected asymptotic relationship after the hump, with the saturation
point situated at 8 spp.. The controls in the batch II of glyphosate and the Fen II
treatments in the fenthion I presented a saturated part between 4 and 8 spp.. Curiously,
the control of the first of the two pooled batches that constituted the final glyphosate
batch I presented the expected asymptotic relationship with the saturation point
situated at 8 spp. (data not shown). No reductions in species numbers were recorded
for these batches.
The two species assemblages were the most productive (and variable) in the
glyphosate batch II (Fig. 3). They were hyper-dominated by C. fusca probably
because the inoculates were made on chlorophyll basis and the C. fusca stock culture
was producing less Chl than otherwise, so considerably more cells were added
(personal observations). The treatments in this batch followed an inverse asymptotic
pattern for the diversity–productivity relationship with minimums situated at a
diversity of 4 spp., whereas the controls assemblages presented a decrease in
productivity at the highest diversity (16 spp.). Pediastrum boryanum and Tetraedron
minimum, which were co-dominating the assemblages in abundance at the beginning
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of the bioassay (40 and 35 %) disappeared from the 8 spp. assemblages of the Gly III
treatments without any impact on productivity.
The 16 spp. assemblages were the most productive in the fenthion batch I (Fig.
3). The diversity–productivity pattern was a hybrid between an inverse hump-shaped
with the lowest productivity in the 4 spp. assemblages and a gradual rising (unimodal
convex). The Fen III treatments, however, presented a rather saturated part where no
major changes in productivity were observed with increasing diversity (2 to 8 spp.)
until the increase at 16 spp. The idiosyncrasy of this batch was that no important
changes in productivity were observed along the diversity gradient (< 20 %), except in
the obvious case of the assemblages of 2 spp. of the Fen I treatments that only
contained one species (C. fusca).
There was a prior effort made with glyphosate where we randomly assembled
communities of 2, 5, 10 and 19 species, and hence with species composition different
to the above mentioned batches that presented a similar pattern than the glyphosate
batch I, but with productivity maximized at 5 spp. (data not presented). Curiously, the
control presented the expected asymptotic relationship with the saturation point
situated at 10 spp.. In general, this batch resembles the first batch but with higher
productivities, especially in the most productive assemblages (Gly III treatments),
probably due to the different species composition.
In order to identify potential species effects that could help us to explain the
observed trends in the relationship diversity–productivity, we analyzed species
interactions in terms of changes of relative abundances. For example, in the
glyphosate batch I (Fig. 4) the control was the least productive possibly because only
one species (C. reinhardtii) increased its contribution, while in the Gly III treatments
the other three species but C. fusca increased their contribution. While in the batch II
(Fig. 5), the Gly I treatment was the least productive probably because A. braunii
increased its contribution until co-dominate the assemblage compared to the Gly III
treatment where curiously C. fusca was dominating. In the batch III (Fig. 4), K.
cornuta dominated the assemblage in the most productive Gly III treatment
outcompeting T. minimum, while in the controls the assemblage tended to be more
even.
In the 16 spp. assemblages of the fenthion batch I (Fig. 4), S. acutus f.
alternans (a.f.a.) and S. acuminatus increased their contribution in the most
productive control, while in the least productive assemblage, the Fen III treatment the
other Scenedesmus (obliquus) was the main contributor. While in the 4 spp.
assemblages of the batch II (Fig. 4), K. cornuta dominated the most productive
control, while in the least productive Fen III treatment the same species was codominating with C. microporum. C. fusca was dominating the assemblages of 4 spp.
assemblages in batch I (Fig. 5), but most importantly in the most productive Fen III
treatment, while in the least productive control P. boryanum increased its
contribution.
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Figure 2. Relationship between diversity (as number of species) and net productivity
(as chlorophyll in µg day-1) in controls, glyphosate and fenthion treatments after seven
days of incubation. The initial chlorophyll content was similar in all assemblages (~
200 µg L-1). The results for batch I of glyphosate is an average of two batches that
were pooled, because species composition was identical. Data are connected by
straight lines to highlight the form of the relationship. Mean of four replicates
(glyphosate I and fenthion I) and two replicates (glyphosate III) is shown. Error bars
represent the fractional standard deviation of the means.
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Figure 3. Relationship between (as number of species) and net productivity (as
chlorophyll in µg day-1) in controls, glyphosate and fenthion treatments after seven
days of incubation. The initial chlorophyll content was similar in all assemblages (~
200 µg L-1), except in one of 2 spp. (Fen I) in the fenthion batch that only contained
one species (Chlorella fusca). Communities of 2 spp. in the glyphosate batch were
hyperdominated by C. fusca. Two species went extinct from the Gly III assemblages
of 8 spp. in the glyphosate batch. Data are connected by straight lines to highlight the
form of the relationship. Mean of two replicates for the glyphosate batch and four
replicates for the fenthion batch is shown. Error bars represent the fractional standard
deviation of the means.
From the changes in abundance we also conclude that at least three species
seem to be favoured by glyphosate: A. braunii directly, and K. cornuta and C.
microporum indirectly via competition. T. minimum, P. boryanum and S. quadricauda
seem to be directly affected and C. reinhardtii indirectly via competition. C. fusca
sometimes was disfavoured and others favoured. Fenthion, on the other hand affected
directly to S. quadricauda, C. fusca, S. capricornutum, and to some extent S. acutus f.
alternans and S. acuminatus, and indirectly through competition to K. cornuta and P.
boryanum. Four species seem to tolerate it: S. obliquus, K. lunaris, T. minimum, C.
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microporum and to a minor extent A. braunii. C. fusca presented intermediate
tolerance because in one batch was tolerant and in the other sensitive.
C. reinhardtii was expected to be tolerant to glyphosate and resulted to be a
bad competitor in the ability to use it as a nutrient source, which also applies to C.
fusca. On the other hand, S. quadricauda that was expected to be susceptible to
glyphosate resulted to be also a poor competitor in competing for it, and A. braunii
that was expected to have intermediate tolerance resulted to be a good competitor for
glyphosate. C. fusca presented an intermediate tolerance to fenthion as expected.
Discussion
Our general result does not support any specific hypothesis of the relationship
between diversity and productivity, but a hybrid of hypotheses including the diversityproductivity hypothesis, the redundant hypothesis, and the idiosyncratic hypothesis,
regardless of species composition, hence showing unimodal and saturating parts
instead of monotonic relationships. This hump-shaping of the relationship probably
happened due to competition for limiting resources in our initially dense communities
that probably limit the environment carrying capacity to a number of available roles at
4 species to maximize productivity. However, the maximized productivity obtained in
the first attempt with glyphosate at 5 spp. and the replicated result of diminished
productivity at 8 spp. might imply the possibility that our systems could carry
maximized productivities with species numbers between 4 and 7 spp. This is in
agreement with observations of low primary producer diversity in many high
productivity ecosystems around the world, including algal blooms, salt and freshwater
marshes, riparian forests in the tropics and temperate zones (Huston and McBride,
2004). Experimental studies made with herbaceous plants suggest that productivity is
a decelerating function of species richness, often saturating at low species numbers (15 species) (Tilman et al., 1997; Mittelbach et al., 2001; Naeem et al., 2004). However,
in other experiments different relationships between species richness and aboveground biomass production were found at eight European grassland sites: linear for
Germany and Sweden, log linear for Portugal and Switzerland, quadratic for
Sheffield, and non-significant for Greece (Hector et al., 2004). The productivity
differed from site to site even when the communities had the same species or mixtures
of species. Hector and Bagchi (2007) found that between 3 and 7 species were
sufficient to perform each process of the seven studied in a recent ecosystem
multifunctionality analysis. However, because different species often influence
different processes, greater biodiversity than suggested by studies focusing on single
ecosystem processes in isolation will be required to maintain multifunctional
ecosystems.
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Figure 4. Time trends in average relative abundance in controls and highest concentration treatments (Gly III= 50 mg L-1, and Fen III= 1000 µg
L-1) in batches I and III of glyphosate (4 spp.), and I and II of fenthion (16 spp. and 4 spp., respectively), at the beginning (0) and after 7 days of
incubation. For the first batch of fenthion, only the ten species with the most important contributions are presented.
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Figure 5. Time trends in average relative abundance in controls and highest
concentration treatments (Gly III= 50 mg L-1, and Fen III= 1000 µg L-1) in the 4 spp.
assemblages of batches glyphosate II and fenthion I, at the beginning (0) and after 7
days of incubation. The results from the Gly I treatment (1 mg L-1) are also presented
given that was the least productive of all the treatments and had different patterns.
Cosmarium botrytis made a very low contribution in abundance throughout both
bioassays and hence its presence is not obvious.
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The species-specific impacts on the diversity–productivity relationship, on the
other hand, were the hidden treatments in the bioassays, and highlighted the important
roles of algae-bacteria associations (fenthion batch I and glyphosate batch II, Fig. 3,
C. botrytis case) and dominance (glyphosate batch II, Fig. 3, C. fusca case). A hidden
treatment is any factor that is correlated with the treatments in an experiment, but not
explicitly controlled, manipulated, measured, or considered in the experimental design
and unless identified may lead to misinterpretation of results (Huston 1997). For
example, the numerical hyperdomination by C. fusca in the second batch of
glyphosate, allowed that the 2 spp. were the most productive assemblages flattening
the relationship afterwards. On the other hand, the bacteria associated with the nonaxenic culture of C. botrytis were capable of switching the concave relationship to a
convex relationship, most likely by enhancing resource exploitation and competing
with algae (including its host), due to the large portion of total uptake of inorganic
nutrients (phosphate and ammonium) that they account for (Kirchman, 1994), and
hence reducing algal productivity (Loreau et al., 2001). As a result of the interference
with bacteria, a minimum rather than a maximum occurred at 4 spp. and in general,
buffered the impact of diversity on productivity. However, the competitive effect of
bacteria on algal productivity was slightly outweighed at the highest diversity (16
spp.) giving credit to the idea that biodiversity acts as a “biological insurance” against
the disruptive effects of environmental fluctuations on ecosystem functioning
(Loreau, 2000; Hector and Bagchi, 2007). The important role of primary producermicrobe interaction on the relationship between diversity and productivity has been
recognized in algae-bacteria and arbuscular mycorrhizal (AMF) associations and
usually explained by nutrient availability dynamics (Klironomos et al., 2000; Naeem
et al., 2000; Van Der Heijden and Cornelissen, 2004). In microcosms experiments
when bacteria were not added, algal production was positively associated with species
richness, but when bacteria were added, algal production was significantly affected by
the interaction between algal species richness and decomposer species richness
(Naeem et al., 2000). The pattern of the relationship diversity–productivity was very
sensitive to the addition of decomposers presenting maximums and asymptotes
depending on the number of bacterial species added (Petchey et al., 2004).
Klironomos et al. (2000), on the other hand, concluded that in the absence of AMF,
the relationship diversity-productivity in plants was positive and linear within the 15
species range tested supporting the diversity-productivity hypothesis, whilst in the
presence of AMF the relationship was asymptotic and saturated at a diversity of 2 spp.
hence supporting the redundancy hypothesis. The saturation was explained by
competition due to a reduction in the amount of resources available to plant
communities in the presence of AMF, which exert a very high carbon demand
compared with non-AMF systems.
Niche complementarities, competition, and co-existence may provide
mechanistical explanations to the hybrid patterns of the diversity–productivity
relationship. A positive relationship between diversity and productivity is often
interpreted as evidence for the operation of diversity-promoting interactions among
many species, for example, when niche complementarity is operative and dominates
competition, assuming that each species utilizes a resource at a higher intensity as
diversity increases (Tilman et al., 1997; Loreau, 1998; Hector et al., 2004; Hille Ris
Lambers et al., 2004). However, as species diversity continues to increase, the
probability that species will overlap in their resource use increases, thus creating a
decelerating relationship, the steepness of which may depend on the strength of
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competition (Bond and Chase, 2002). Asymptotes of the response of primary
productivity to species diversity may depend on species redundancy and invariance of
the average resource-use intensity with diversity, hence promoting coexistence
(Loreau, 2000; Mouquet et al., 2002).
These general hypotheses and insights can be used to interpret the patterns in
Figs. 2 and 3 by a verbal model: i) an ascending part may imply the absence of
competition for resources (i.e., niche complementarity), e.g., the change from to 2 to 4
spp. in the three batches (Fig. 2), ii) asymptotes may imply redundancy and
mechanisms that promote coexistence, e.g., from 8 to 16 spp. in the first batch of
glyphosate (Fig. 2), and iii) a descending part might imply complete competition for
resources with steepness depending on the degree of competition, e.g., changes from 4
to 8 spp. in the third batch of glyphosate and the second of fenthion (Fig. 2).
Glyphosate when dosed at 50 mg L-1, however sometimes acted as an instigator or
provoker for complete competition (e.g., from 4 spp. to 16 spp in the first batch),
while as a buffer for competition in the third batch (Fig. 2). In the C. fusca
hyperdominated second batch of glyphosate (Fig. 3), the herbicide buffered
competition between 8 and 16 spp. at all assayed concentrations. In the first batch of
fenthion, the highest treatment (1000 µg L-1) buffered both competition and niche
complementarity producing less steep parts (asymptotes) in the relationship diversity–
productivity compared to the controls and other treatments (Fig. 3).
Glyphosate did not change the trajectory of the relationship at the lowest and
intermediate diversities, but at the highest diversities acting usually as a buffer for
competition (batches II and III) and others as a provoker (Gly III, batch I). The
herbicide had an important impact on the magnitude of the effect of diversity on
productivity sharpening the relationship probably by subsidizing it at almost all
assayed concentrations including its EEC for aquatic exposure and especially at the
highest concentration (50 mg L-1). This was partially expected because the herbicide
may be used as a nutrient source and produce stimulatory effects in primary producers
when dosed at low concentrations (Wong, 2000; Paper III, Cedergreen et al., 2007;
Velini et al., 2008), but this does not apply to the highest assayed concentration that is
around the EC50 of the standard algal test species. This was probably influenced by
the high initial density of the cultures, which might have caused important biodilution
of the herbicide (Paper III). The results obtained in two attempts (data not shown),
however, brings out the possibility that glyphosate may have the ability to saturate
productivity at lower levels of diversity (shifting the hump from 8–10 spp. to 4–5
spp.) and change the form of the relationship from asymptotic to unimodal, probably
due to its potential to be utilized as a nutrients source. Pediastrum boryanum and
Tetraedron minimum were not found in one assemblage treated with the highest
concentration with no obvious impact on productivity.
Fenthion as expected had a lower impact on the effect of diversity on
productivity than the one exerted by glyphosate because it is an insecticide, did not
cause species extinctions, and also did not greatly change the pattern of the
relationship. However, the insecticide tended to diminish productivity when dosed at
concentrations around but lower than NOEC and especially around EC50 values of
single species (100 and 1000 µg L-1 respectively) in the most productive assemblages
(batch I and II), and to increase it at intermediate levels of diversity at the same
concentrations (batch I). Fenthion is a hydrophobic compound and expected to affect
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algae only at high concentrations (~1000 µg L-1) (USEPA, 1998; Yeh and Chen,
2006), most likely due to its disorganization of chloroplasts (Yukimoto, 1983). This
suggests that the relationship is more responsive (sensitive) to fenthion than single
species toxicity tests. This suggests that the relationship is more responsive (sensitive)
to glyphosate and fenthion than single species toxicity tests (No Observed Effect
Concentration, NOEC =11 mg/L and 200 µg/L, respectively).
Species composition, on the other hand, did make an impact in the level of
productivity reached in the assemblages hence affecting the amplitude of the
relationship diversity–productivity, probably through inclusion or exclusion of
productive or susceptible/tolerant species. For example, the most productive
assemblages in first batch of gyphosate (4 spp.) had the highest productivity of all
batches, most probably due to the presence of C. reinhardtii.
In conclusion, this study shows that the relationship between diversity and
productivity is unimodal (concave) at low levels of diversity, asymptotic at higher
levels, and independent of species composition for algal communities under
competition for acquisition of limiting resources, having maximums (or minimums)
and saturated parts which might be context-dependent and explained by mechanisms
that govern the nature and strength of species interactions. Productivity was
maximized at a diversity of 4 species, but with potential to be between 4 and 7 spp.
Pesticides did not greatly change the trajectory of the relationship but its amplitude,
which implies an impact on the magnitude of the effect of diversity on productivity.
For example, the herbicide glyphosate produced a sharpening in the relationship,
acting as a nutrient source and hence subsidizing productivity at almost all assayed
concentrations, including its EEC for aquatic exposure and especially at the highest
tested concentration. Fenthion did not affect the amplitude of the relationship at the
same extent that glyphosate, but impacted the effect of diversity on productivity at
concentrations above its EEC for aquatic exposure. Algae–bacteria associations and
hyperdominance of a single species turned the diversity–productivity pattern up side
down, or widened and flattened it. Species composition did make an impact in the
level of productivity reached in the assemblages hence affecting the amplitude of the
relationship diversity–productivity, probably through inclusion or exclusion of
productive or susceptible/tolerant species. Our results suggest that declining and
augmenting diversity may result in local changes in productivity that might be
enhanced or buffered by pesticides.
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Appendix: Tables
Table 1. List of algal species of the class Chlorophyceae used in the experiments, with
designation numbers given by UTEX (University of Texas) and the corresponding
code given by us (CIRA Nr.)
Species & auctor

UTEX Nr.

CIRA Nr.

Ankistrodesmus braunii Brunnthaler

187

1

Ankistrodesmus densus Korsh.

190

2

Ankistrodesmus falcatus (Corda) Ralfs.

749

3

Chlamydomonas reinhardtii Dang. [E&S]

2246

6

Chlorella fusca var. fusca Shihira et Krauss [E&S]

343

10

Coelastrum microporum Näg.

281

11

Cosmarium botrytis Menegh.

LB953

12

Kirchneriella cornuta Korsh.

LB1355

15

Kirchneriella lunaris (Kirch.) Moebius

285

16

Pediastrum boryanum var. cornutum (Racib.) Salek

LB470

18

Pediastrum simplex (Meyen) Lemm.

LB1601

19

Scenedesmus acutus f. alternans Hortobagyi

72

21

Scenedesmus acuminatus (Lagerh.) Chod.

415

22

Scenedesmus obliquus (Turp.) Kütz.

78

24

Scenedesmus quadricauda (Turp.) Bréb.

76

25

Selenastrum capricornutum Printz

1648

26

Tetraedron minimum var. scrobiculatum Lagerh.

LB1371

28
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Table 2. Species pool used to assemble algal communities with a diversity gradient
(as levels in species numbers) in experimental batches, and expected degree of
susceptibility/tolerance to glyphosate and fenthion
Pesticide /

2 species

4 species

8 species

16 species

Batch No./

assemblages

assemblages

assemblages

assemblages

(No. of replicates)

(CIRA Nr.)

(CIRA Nr.)

(CIRA Nr.)

(CIRA Nr.)
1, 2, 3, 6, 10, 11,

Glyphosate I (4)

1, 10

1, 6, 10, 18

1, 6, 10, 11,

15, 16, 18, 19, 21,

15, 18, 25, 28 22, 24, 25, 26, 28
1, 2, 3, 10, 11, 12,
Glyphosate II (2)

10, 12

1, 10, 12, 18

1, 10, 11, 12,

15, 16, 18, 19, 21,

15, 18, 25, 28 22, 24, 25, 26, 28
1*, 2, 3, 10, 11,
Fenthion I (4)

Glyphosate III (2)

1*,10

1, 18

1*, 10, 12, 18

11, 15, 25, 28

1*, 10, 11,

12, 15, 16*, 18,

12, 15, 18,

19, 21, 22, 24, 25,

25, 28

26†, 28

2, 3, 16, 19,

Idem to

21, 22, 24, 26 Glyphosate II

Fenthion II (4)

1*, 18

11, 15, 25, 28

2, 3, 16*, 19,

Idem to

21, 22, 24,

Fenthion I

26†
Bold: susceptible to glyphosate (Sáenz et al 1997, Wong 2000)
Italic: tolerant to glyphosate (Maule and Wright 1984, Anton et al 1993, Faust et al 1993, Reboud 2002)
Underlined: intermediate susceptibility to glyphosate (Bozeman et al 1989, Gardner et al 1997, Ma 2002)
*: tolerant to 50 µg L-1 fenthion (~Fen I) and susceptible to 500 µg L-1 (~Fen III) (Hanazato and Kasai 1995)

†: tolerant to 300–700 µg L-1 fenthion (Fen I, II), EC50 ≥ Fen III (USEPA 1998, Yeh and Chen 2006)
Others: unreported susceptibility/tolerance to glyphosate or fenthion
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Abstract
Anthropogenic substances are found in aquifers around the world and cause concern
on groundwater quality and toxic effects on microbiota because of long residence times of the
groundwater. Microbial processes play important roles in nutrient cycling (e.g., nitrification
and denitrification) and natural attenuation of contaminants (biodegradation) in groundwater
where they may be the sole means of transformation. Our general objective was to estimate
the contribution of residence time of groundwater and in situ biodegradation potential to the
persistence and effects of contaminants in aquifers of the selected area of León-Chinandega.
To fulfill the objective we collected ground waters to provide natural inoculates for the
biodegradation, nitrification and denitrification assays, and to be analyzed for water stable
isotopes (Oxygen-18 and Deuterium) and chlorofluorocarbons to determine recharge sources
and apparent ages. The isotopic results show that the deep well predominantly recharged at
higher elevations (500 masl), meanwhile the shallow wells recharge at lower elevations (100
to 350 masl) and that ground waters in the area are mixtures of water infiltrated at the plains
and at the volcanic slopes. For example, the ground waters in the plains receive an equal
contribution of recharge from high and low altitudes. The apparent age of ground waters is in
average 23 years with a range from 16 to 29 years. The youngest ages derived from CFC-11
concentrations at all studied sites indicate potential degradation of the chlorofluorocarbon,
especially in the discharge area and most likely due to the poor oxygen conditions. Both the
pristine deep aquifer and especially the shallow contaminated aquifer have degradation
potential for DDE and glyphosate, and the most contaminated site may have strains adapted
for faster degradation. The moderately contaminated sites had the highest potentials for
nitrification and denitrification, and the most heavily contaminated the lowest for
nitrification, most probably due to the presence of toxaphene. Denitrification was also
responsive to contamination but at less extent than nitrification. The persistence of the in situ
contaminants is not explained by the apparent age of water or the provenience. A
combination of age tracers should be used to resolve the age distribution of ground waters in
the area, due to the complexity of flow paths and mixing of waters.
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Introduction
Contamination of groundwater by solutes such as, aromatic hydrocarbons, pesticides,
and their metabolites, and nitrate, is common all over the world and especially in agricultural
areas, rising concern about ecological and human health effects (Aamand et al., 1989;
Johnston et al., 1998; Böhlke, 2002; Lapworth and Goody, 2006; Osenbrück et al., 2006;
Thayalakumaran et al., 2008).
The persistence and fate or organic contaminants in groundwater largely depends on
their rate of degradation (Washington, 2001) and the residence time or age of groundwater,
which is the mean travel time of water from the point of recharge to the point of collection.
The residence time can be used to reconstruct past releases of contaminants to aquifers
besides its traditional use to characterize flow (Solomon et al., 1998; Bockgård et al., 2004).
Dissolved gases have been used as tracer of water residence times, among them,
chlorofluorocarbons, especially for dating of young ground waters < 45 y or to indicate
whether the water contains a fraction of post-1940’s water (Busenberg and Plummer, 1992;
Focazio et al., 1998; Solomon et al., 1998). The fate at the same time is a key parameter for
estimating the risk of long-term adverse effects on biota (OECD, 2006). Biological processes
may modify organic molecules at the site of their discharge or during their transport, and in
some environments as groundwater, are the sole means of natural attenuation (Alexander,
1994). For example, aromatic hydrocarbons, pesticides and nitrate in ground waters may
induce acclimatization or adaptation in indigenous bacterial communities, hence increasing
the rate of natural attenuation of contaminants (Aamand et al., 1989; Cavalier et al., 1991;
Bengtsson and Bergwall, 1995).
The turnover of nitrogen is an important determinant of water quality and sustainable
fertility (Stevenson, 1982; Pell et al., 1998; Pauer and Auer, 2000; Kemp and Dodds, 2002),
and the autotrophic aerobic nitrification and the anaerobic denitrification are the most
commonly used endpoints in ecological risk assessment of contaminants (Van Beelen and
Doelman, 1997; Pell et al., 1998). Nitrification transforms less mobile soil nitrogen
(ammonia) into a mobile form (nitrate) (Pell et al., 1998), and explaining why nitrate is the
most ubiquitous groundwater contaminant in the world today (Böhlke, 2002;
Thayalakumaran et al., 2008). Denitrification is the major biological process that account for
nitrogen loss to the atmosphere (natural attenuation) hence has stimulated research given the
ubiquitous nitrate pollution in groundwater from agricultural areas (Stevenson 1982, Pell et
al. 1998). In general, nitrification is a more sensitive endpoint in risk assessment than
denitrification (Domsch et al., 1983; Van Beelen and Doelman, 1997).
Anthropogenic substances are found in shallow as well as deep aquifers (Lapworth
and Goody, 2006; Osenbrück et al., 2006; Taylor et al., 2006) and causes concern about
drinking water quality and toxic effects on remote and pristine ecosystems because of long
residence times of the groundwater. Much effort has been directed towards understanding
how the contaminants are transported from the land surface to the aquifers, how they move
within and between aquifers, and how their fate may be predicted even when the flow fields
are heterogeneous in hydrology, physics and chemistry. Transport of contaminants from
continuous anthropogenic sources on the land surface may then explain their persistence in
deep aquifers. However, it is also possible that contaminants persist in deep aquifers due to
the long residence times of water and slow biodegradation in oligotrophic communities in
which few species are adapted to degrade anthropogenic substances. We focus this work on
the latter and test whether the pattern of distribution of pesticides in selected ground waters in
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the province of Chinandega in Nicaragua is related to the pattern of groundwater age and
provenience and to the pattern of biodegradation and effects of pesticides on the indigenous
microbial community. Persistent organochlorine pesticides, their metabolites, and nitrates, at
varying concentrations ranging from background to heavily polluted, have been observed in
wells in the province (Dahlberg and Odebjer, 2002; Delgado, 2003; Moncrieff et al., 2008)
and it has been suggested that mainly the shallowest flow system is affected by intensive
agricultural activity and human settlement in the area (Dahlberg and Odebjer, 2002; Delgado,
2003; Moncrieff et al., 2008). Environmental tracers (18O and tritium) have shown mixing of
groundwater originating from different elevations (Payne and Yurtsever, 1974; Dahlberg and
Odebjer, 2002; Delgado, 2003).
Our general objective was to estimate the contribution of residence time of groundwater
and in situ biodegradation potential to the persistence and effects of contaminants in aquifers
of the selected area of León-Chinandega. The specific objectives were to determine
groundwater residence time, potential half-lives of selected contaminants, and toxicity of the
in situ contamination on potential nitrification and denitrification in aquifers feeding selected
sites from the study area. To fulfill these objectives we estimated the age (apparent), and
provenience of groundwater along flow paths (i.e., recharge areas, plains and discharge), and
along transects with a gradient of pesticide-contamination. This was combined with an effort
to describe their relationship with the potential half-lives of selected contaminants (the
insecticide metabolite pp'-DDE and the herbicide glyphosate), and with the actual impact of
contamination on microbial processes measured by ecotoxicological effects on potentials for
nitrification and denitrification. Ground waters were collected to provide natural inoculates
for the biodegradation, nitrification and denitrification assays, and analyzed for water stable
isotopes (Oxygen-18 and Deuterium) and chlorofluorocarbons to determine recharge sources
and apparent ages.
Our working hypotheses were that: i. groundwater in a deep aquifer would have a
longer residence time than groundwater in a shallower aquifer, ii. contaminants would have a
longer residence time in a deep aquifer than in a shallower aquifer, and iii. nitrification and
denitrification in a deep and pristine aquifer would be slower than in a shallow and
contaminated aquifer, and nitrification would be more impacted by contamination than
denitrification in the shallower aquifer.
2. Materials and methods
a. Hydrogeological setting
The study area is located within the León-Chinandega plains in the northwestern part
of Nicaragua (Fig. 1) and limited to the northeast by the Nicaraguan volcanic chain and to the
south west by the Pacific Ocean. The topography of the plains rises smoothly from sea level
at the Pacific Ocean towards the volcanic foothills, which extends from 100 to 300 masl The
geology of the León-Chinandega plains has three main geological units. The near surface
alluvial and quaternary deposits cover most of the surface of the plains. Underlying the
quaternary deposits is an older and thicker unit of approximately 220 meters known as Las
Sierras Formation (UN, 1974). Las Sierras is composed mainly by pumices and by regular
compacted and partially weathered tuffs, which are intercalated by ashes, breccias and
volcanic scoria (Kuang, 1971). The third geological unit is the Tamarindo Formation which is
defined as a sequence of volcanic ignimbrites and andesitic lavas of tertiary origin (Wilson,
1942). The León-Chinandega aquifer is composed by the quaternary deposits and by Las
Sierras Formation. The aquifer thickness ranges from few meters to more than 300 (Corriols
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and Dahlin, 2008). The Tamarindo Formation is considered to be the impermeable basement
of the aquifer (UN, 1974) . Two different flow systems have been identified in the aquifer.
The deep system is recharged in the volcanic chain and later discharged in the central and
lower parts of the plains, either as base flow or to pumping wells. The shallow local flow
system is recharged in the central and lower parts of the plains and discharged into rivers and
pumping wells (Calderón Palma and Bentley, 2007). Isotopic studies suggest that
groundwater in the plains is a mixture of waters infiltrated at high elevations and at the plains
(Delgado, 2003). Shallow wells are mainly recharged locally and deep wells by the deep flow
system (Corriols, 2003).
b. Selected sites
Based on a survey of hydrogeological and anthropogenic conditions (April to May
2005), six of 20 examined wells and springs were selected for bioassays in January to
February 2006 (Fig. 1). The selected ground waters represent a gradient of concentrations in
OCl pesticides and their metabolites (Appendix, Table 1), that might also differ in
provenience and age (shallow and deep aquifers, old and young water). The PP-05 (Cristo
Rey) is a drilled well located in the volcanic foothills containing pristine water infiltrated at
higher elevations that is used as a community drinking water supply. The PE-01, PE-07
(hand-dug wells) and the MA-02 (spring) are located in the middle part of the plains and
represent the pesticide-contaminated aquifers (Dahlberg and Odebjer, 2002). The PE-01 (El
Tanque) is located in front of an old pesticides storage place used for mixing and loading of
the chemicals for terrestrial and aerial fumigation at a farm where cotton was cultivated in the
past, and hence heavily contaminated. The PE-07 is located in the middle of sugar cane fields
of an old farm (Hacienda Rancho Grande) where cotton was cultivated in the past, and it is
the second most heavily contaminated site. The spring (MA-02, Posolteguilla) is less
contaminated than PE-01 and PE-07, and expected to be a true representative of the
converging groundwater flow paths of different ages in the aquifer (USGS, 1999). The wells
in the plains are assumed to be part of the shallow flow system, mainly supported by local
recharge. The other two sites, the PI-01 (Piezometer El Polvón, moderately polluted) and the
PE-06 (El Gobierno, pristine) are located in the southern low part of the plains (discharge
area). The groundwater was assumed to be a mixture of waters mostly recharged at high
elevations (deep flow system).
The assays that required aerobic conditions (nitrification, pp'-DDE degradation, and
glyphosate mineralization) were made with groundwater from PP-05, MA-02, and PE-01 that
contained more than 2 mg L-1 dissolved oxygen concentrations (DO) in most of the sampling
occasions (Appendix, Table 2). The sites selected for denitrification assays (PE-06, PI-01,
and PE-07) contained less than 2 mg L-1 DO. The spring (MA-02) had both high and low DO
concentrations and was used for nitrification as well as denitrification assays.
c. Sampling and field parameters
A Grundfos MP1 submersible pump was used to collect water from wells with a depth
of less than 90 meters, and a small submersible impeller type pump (Gigant) was used for the
shallow wells and the spring. The deepest well PP-05 (> 100 m) was sampled using the
installed pump. All wells were purged of at least three casing volumes prior to sampling.
Copper tubings were used to collect water for CFC analysis (glass, 125 ml), and Teflon
tubing for stable isotopes (Nalgene, 100 ml), nitrification/denitrification assays (plastic
gallons), and degradation/ mineralization assays (20 L glass bottles). The CFC sampling was
carried out according with the bottle method by the USGS CFC laboratory manual (USGS,
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2005). The piezometer was sampled with a peristaltic pump with Teflon tubings given the
small diameter of the casing.
The pH and oxidation-reduction potential (ORP) were measured in situ with a
portable Thermo Orion Model 250Aplus pH meter (Thermo Electron Corporation, Beverly,
MA, USA) equipped with combination electrodes with automatic temperature compensation
(Appendix, Tables 2 and 3). DO was fixed in the field with MnSO4 solution and alkali-iodide
solution in Winkler bottles (~300 ml), protected from sunlight, and titrated in the laboratory
(< 12 h) by the azide modification method (4500-O C, (APHA-AWWA-WEF, 1999)
(Appendix, Tables 2 and 3). The redox species (Fe2+, Mn2+, H2S, NO2-) were quantified with
a portable Hach DR/2010 UV/VIS spectrophotometer (Hach Company, Loveland, CO, USA)
using kits for ferrous iron (1,10-phenantroline method), manganese (PAN method), sulfides
(methylene blue method), and nitrites (diazotization method) (Appendix, Tables 2 and 3).
Electrolytic conductivity was measured using an Orion conductivimeter model 105 (Orion
Instruments, London, U.K.) (Appendix, Table 2). Total alkalinity was analyzed by the
titration method (2320-B, (APHA-AWWA-WEF, 1999) (Appendix, Table 2). Major element
chemical analyses in ground waters were done in the CIRA-UNAN laboratory using standard
methods (APHA-AWWA-WEF, 1999) (Appendix, Table 2).
At the beginning of each bioassay, aliquots of groundwater were analyzed for
chloride, sulfate and nitrate (ion chromatographic method), total nitrogen (persulfate method
+ second derivative spectroscopy), ammonia (phenate method), total phosphorus (sulfuric
acid-nitric acid digestion + ascorbic acid method) and orthophosphate (ascorbic acid method),
according to standard methods (APHA-AWWA-WEF, 1999) (Appendix, Table 3). The total
and dissolved organic carbon content (TOC, DOC) was measured following the direct
method with a Hach kit after digestion of the samples in a COD (Chemical Oxygen Demand)
reactor (Hach Company, Loveland, CO, USA) (Appendix, Table 3).
d. Deuterium, Oxygen 18 analysis, and provenience of water
Deuterium and Oxygen-18 analyses were made by continuous-flow isotope ratio mass
spectrometry (CF-IRMS) using an Europa Scientific ANCA-GSL and GEO 20-20 IRMS
(PDZ Europa Scientific Instruments, Crewe, U.K.). For Deuterium, a sample volume of 0.4
ml was pipetted into Exetainer tubes and an insert vial containing 5 % platinum on alumina
added. The tubes were sealed and then filled with pure hydrogen. Samples were left to
equilibrate to allow complete equilibration of the water with the hydrogen gas. After
deuterium analysis, the vials were flushed with pure CO2 and left to equilibrate for Oxygen18 analysis. Reference waters (including a quality control standard) were prepared in the
same manner. The samples were measured against three reference standards of δ2H (-14.5 ‰,
-85.7 ‰, and -155.6 ‰ vs. V-SMOW) and  δ18O (-3.47 ‰, -13.36 ‰, and -23.22 ‰ vs. VSMOW). All standards are traceable to the primary reference standards of V-SMOW (Vienna
-Standard Mean Ocean Water) and SLAP (Standard Light Antarctic Precipitation) distributed
by the IAEA (International Atomic Energy Agency, Vienna). Measurement accuracy for
triplicate samples was 0.05–0.08 and 0.7–1.9 ‰, respectively, for δ18O and δ2H. The study by
(Payne and Yurtsever, 1974) was used to calculate the recharge altitude of groundwater with
their proposed equation δ 18O= -5.653 – (0.0026×E), where E= elevation in meters above
mean sea level (masl), and inspired (Dahlberg and Odebjer, 2002) to formulate an equation to
calculate the percentage of groundwater infiltrated from altitudes below 280 m and stated as
% lowland rain= 100 – 100[(–δ18O – 5.9)/(7.18-5.9)]. This is a rough estimation based on
Payne and Yurtsever approximation that 75 % of the recharge to the deep part of the aquifer
originates from recharge on the higher slopes (> 280 m).
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Figure 1. Map of the León-Chinandega study area with the locations of sampling sites
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e. Chlorofluorocarbon analysis
Chlorofluorocarbons: CFC-11 (trichlorofluoromethane), CFC-12 (dichloro
difluoromethane) and CFC-113 (trichlorotrifluoromethane) were analyzed by gas
chromatography (GC) using a purge-and-trap pre-treatment system coupled to a Shimadzu
Model GC-8 (Japan) equipped with an electron capture detector (63Ni-ECD) (Busenberg and
Plummer, 1992). A calibration curve of six standards was prepared by injecting different
volumes of the primary standard Oregon air (R.A. Rasmussen, Oregon Graduate Institute,
USA). Given the absence of noble gas measurements (Ar, Ne), the recharge temperature was
assumed to be equal to i) the estimated average air temperature at the main recharge zone (27
ºC) for all sites, and to ii) the temperature measured in the groundwater at sampling (28–34
ºC). The detection limit was 1 pg L-1.
f. Biodegradation of pp'-DDE and mineralization of glyphosate
pp'-DDE (1,1-dichloro-2,2-bis(4'-chlorophenyl) ethylene) is the main metabolite of
the OCl pesticide pp'-DDT (1,1,1-trichloro-2,2-bis (4'-chlorophenyl) ethane) that is produced
from aerobic biotic degradation, abiotic dehydrochlorination, and even from photochemical
decomposition (Thomas et al., 2008). pp'-DDE is the most commonly found OCl compound
in ground waters of León-Chinandega (Dahlberg and Odebjer, 2002; Montenegro, 2002;
Delgado, 2003; Moncrieff et al., 2008), and has generally been considered as persistent in
surface aquatic environments of the area (Carvalho et al., 1999; ATSDR, 2002). The aerobic
biodegradation potential of pp'-DDE was calculated from a reduction in the corrected
concentration of the compound after accounting for abiotic losses with time (0, 2, 7, 14, and
21 days) in groundwater of the three selected sites. Fifteen replicates of one litre of sample in
glass bottles were spiked for each site to obtain ~ 1 ng L-1 of pp'-DDE dissolved in methanol
(Fisher Chemicals, pesticide grade). Five replicates were abiotic controls and sterilized with
formaldehyde (final concentration 1.5 %) at the beginning of the assay, and one replicate was
used to analyze ORP, total alkalinity, DO, pH, and conductivity at the end of the assay. The
selected pp'-DDE concentration is the guideline value for the protection of aquatic life in
freshwater and saltwater ecosystems (ATSDR, 2002) and commonly found in ground waters
of the study area (Montenegro, 2002; Moncrieff et al., 2008). The incubation was made at 25
ºC in the dark with the bottles left open for gas exchange but covered with gauze. The
samples were stirred manually once a day. The solute extraction was made as described by
(Calero et al., 1992), but with a sample volume of 1 L, stirring for 1 hour, and only an acidic
destruction that was applied to the 1 ml extracts to eliminate possible interferences and to
confirm the identity of pp'-DDE. The concentration of formaldehyde was found adequate to
sterilize without interfering with the analysis. The analysis was made using a gas
chromatograph Varian 3400 (Varian Inc. Palo Alto, CA, USA) equipped with a 63Ni-ECD
and a Varian 8100 autosampler. The GC capillary column was a DB-5 (30 m × 0.25 mm i.d.,
0.25 µm film thickness) (J&W Scientific, Tolsom, CA, USA) with hydrogen as carrier gas
and nitrogen as make-up gas. The injection port was set to 250 ºC and the detector to 350 ºC
while the oven was operated as described by (Calero et al., 1992). Samples and standards (1
µL) were injected in the splitless mode and quantified by the external standard method
against a curve of four standards prepared from a stock of pp'-DDE (Chem Service Inc., 99.4
%) dissolved in hexane (Fisher Chemicals, pesticide grade). The half-lives (t½) and specific
degradation rates (k) were calculated by making semi-logarithmic plots (ln) of remaining
substrate concentration versus time of incubation, assuming first-order kinetics (Larsen et al.,
2000).
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Glyphosate is widely use in the study area (as a herbicide and as a sugar cane ripener)
(Montenegro, 2002), and both the parent compound and its main metabolite (amino-methyl
phosphoric acid, AMPA) have been found mainly in surface waters but also in ground waters
at several locations worldwide, in spite of their expected short half-lives owing to a high
potential for microbial degradation (Vereecken, 2005; Borgaard and Gimsing, 2008). The
aerobic mineralization potential of glyphosate was calculated from 14CO2 production during
time-series incubations (1, 3, 5, 10, 15, and 20 days) in spiked groundwater samples (4-6 µg
L-1 of 14C-glyphosate) from three sites (three replicates per site). The herbicide concentration
is higher than normally found in ground waters (< 0.1 µg L-1, (Vereecken, 2005) but required
to allow detection of as little as 1 % mineralization in the assay. Nine one hundred ml serum
vials were filled up with 60 mL glyphosate-spiked ([phosphono-methyl-14C], American
Radiolabeled Chemicals Inc., St. Louis, MO, USA) groundwater and capped with thin rubber
septa. The vials were incubated in the dark at 25 ºC on a rotary shaker at 100 rpm. No abiotic
control was included since glyphosate degradation is considered to be mainly a biological
process mediated by the enzymes C–P lyase or glyphosate oxidoreductase (Borgaard and
Gimsing, 2008) and references therein). At sampling, five ml aliquots were withdrawn with a
syringe followed by injection of 5 ml of air. The samples were transferred to 20 ml
scintillation vials, holding a 6 ml plastic scintillation vial containing 1 ml of 1M KOH and a
drop (50 µl) of 10 M NaOH. Immediately following the addition of 1 ml of 2 M HCl to the
sample, the 20 ml vial was closed, and the released 14CO2 was collected in the KOH solution
for 48 hours. The KOH solution was counted for 30 min in a Beckman LS 6500 Multipurpose
scintillation counter (Fullerton, CA, USA), after addition of 4 ml of Ultima Gold scintillation
cocktail (PerkinElmer Life and Analytical Sciences, Boston, MA, USA). Cumulative 14CO2
was corrected for quenching and background radioactivity measured from an incubated blank
prepared with distilled water that was treated in the same manner as the samples. First-order
rates for 14C-glyphosate degradation were estimated by linear regression of the ln [remaining
14
C-glyphosate after subtraction of the cumulative 14C-CO2 evolved] vs. time of incubation
(0-20 days) (Carlsson, 2006). Additionally, doubling times (days) and specific doubling rates
(day-1) of 14CO2 production were calculated when exponential mineralization (3-20 days) of
14
C-glyphosate was observed by making semi-logarithmic plots of cumulated 14CO2
production versus time of incubation assuming first-order kinetics (Larsen et al., 2000).
g. Potential nitrification and denitrification assays
Potential nitrification was assayed by adapting the method by (Hart et al., 1994) to
water samples. The potential nitrification was calculated as the difference in the ammonia
concentration (NH4-N) between paired samples with one having NH4-N added and the other
not (control), and expressed as µg NH4-N L-1 oxidized per day (Kemp and Dodds, 2002).
Three replicates of 250 ml of groundwater per each site were amended with (Payne and
Yurtsever, 1974) to obtain ~ 400 µg L-1 NH4-N and incubated together with their controls in
Erlenmeyer flasks capped with parafilm on orbital shakers at 175 rpm at 25 ºC and in
darkness. Samples for ammonia, nitrite and nitrate analyses were taken daily for up to nine
days. Nitrification rates were calculated from the slopes of the linear regression of NH4
concentrations were plotted versus time of incubation (0-8 and 4-8 days). Linear regression of
accumulated nitrite (Pell et al., 1998) and nitrate (Hart et al., 1994) over time (0-9 and 4-9
days), were used to assess the relative sensitivity to pollution of the two phases of
nitrification (ammonia oxidation vs. nitrite oxidation), and to determine the main route of
disappearance of ammonia. Ammonia was analyzed with the phenate method (4500-NH3 F,
(APHA-AWWA-WEF, 1999), and nitrite with the colorimetric method (4500-NO2 B,
(APHA-AWWA-WEF, 1999). Both methods were adapted for quantification of small sample
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volumes (10 ml) in a UV/VIS spectrophotometer PerkinElmer Lamba 35 (Shelton, CT, USA)
with a slit of 1 nm at 543 and 640 nm respectively. Nitrate was analyzed by ion
chromatography (Method 4110.B, (APHA-AWWA-WEF, 1999) and quantified in a Dionex
DX-100 (Dionex Corporation, Sunnyvale, CA, USA) with a Dionex Ion Pac AS4A (250×4
mm) column and a Dionex Ion Pac AG4A (50×4 mm) guard-column. Samples for nitrate and
nitrite analyses were preserved with chloroform (0.2 % v/v) and refrigerated (~ 5 ºC) until
analysis (1-2 days) (Hart et al., 1994), while samples for ammonia analysis were acidified
(0.1 % v/v) with H2SO4 (conc.) and also refrigerated until analysis (< 7 days) (APHAAWWA-WEF, 1999).
Denitrification was measured using the isotope-pairing technique (Nielsen, 1992)
adjusted for water samples, following recommendations by (Kristiansen and Schaanning,
2002). Groundwater samples were flushed with helium for 1 h, supplemented with Na15NO3
(99 %, Cambridge Isotope Lab., Woburn, MA, USA) to produce a final concentration of ~ 3
µM 15NO3 and then immediately transferred to 12 ml Exetainer tubes. Five replicates per site
and day were incubated statically in the dark at ~ 25 ºC for 2, 5, 12, 16 and 20 days. The time
series incubations were terminated by carefully adding 100 µl of formaldehyde (37 %) with a
syringe through the septum. Tubes were kept stored upside down at room temperature and in
the dark until analysis. The produced N2 gases (14N14N, 14N15N, 15N15N) were measured in a
PDZ Europa 20-20 continuous flow (CF) IRMS (PDZ Europa Scientific Instruments, Crewe,
U.K.) coupled to a GC Agilent/HP G1530A (Hewlett Packard Co., USA) equipped with a
head-space autosampler CombiPAL (CTC Analytics AG, Zwingen, Switzerland). Aliquots
of 200 µl per replicate of the ~2 ml produced head-space of the Exetainer tubes were injected.
The inert gases were separated with a GC column HP-5 (50m × 0.25mm × 0.25µm) kept at
50 ºC. δ15N values were calculated versus an air reference sample. Calculations of the
denitrification rates were made as described in Nielsen (1992), and correcting the
concentration of N2 in the liquid phase using a Bunsen absorption coefficient of 1.45×10-2 at
25 ºC (Tiedje, 1994). Indigenous denitrification rates were calculated as D14 in (Nielsen,
1992) and potential rates (Dtotal) as the sum of D14+D15.
h. Data analysis
Linear regressions were calculated using STATISTICA version 6.1 at a significance
level of 5 % (p=0.05) (Stat Soft Inc. 2003, www.statsoft.com). Statistics were made using
SPSS for Windows 9.0 (Chicago, IL, USA) at a significance level of 5 % (p=0.05). Data
normality, homogeneity of variances, and sphericity were evaluated with Shapiro-Wilk's,
Levene's, and Mauchly's tests, respectively. Univariate ANCOVAs of ln–transformed data on
remaining pp'-DDE as covariate were used to examine the effects of contamination on
degradation. Simple contrasts were conducted to compare sites. The significance of the
interaction between site and time was used to assess the difference in regression coefficients
(i.e., homogeneity of slopes). Ln-transformed data of ammonia, nitrites, nitrates, remaining
[14C-glyphosate] and log cumulated [14C]CO2 were analyzed with a mixed model of RMANOVAs (repeated–measures analysis of variance) within replicates throughout time of
incubation and between sites to examine the effects of contamination on nitrification and
mineralization rates. Simple contrasts were conducted to compare sites among them, while
repeated contrasts were conducted to compare results of each sampling date against the
previous.
3. Results and discussion
a. Stable isotopes and provenience of groundwater
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The δ18O and δ2H signatures varied by 1 ‰ (-6.93 to -5.93) and 5.5 ‰ (-46.42 to -40.82)
respectively, along the flow paths, showing an enrichment down gradient from the high
altitude recharge area (PP-05) to the low altitude discharge area (Table 4). The δ18O data
shows that the deep drilled well (PP-05) recharged at higher elevations (500 masl) compared
to the sites at the plains (350 masl), and the sites at the low altitude discharge area, including
the PE-07, seemed to be recharged at lower elevations (110 to 215 masl) (Table 4). Three
major sub-zones of recharge can be identified by the isotope data: the high altitude recharge
area that received small contribution (20 %) from sources below 280 masl, the plains that
received an equal contribution of recharge from high and low altitudes (50 %), and the low
altitude discharge area that received the most substantial contribution (75–98 %) from
sources below 280 masl (Table 4). Hence, the groundwater from the PP-05 was recharged
predominantly at higher altitudes (80 %), and the one from the PE-06 was exclusively
recharged at lower elevations (98 %). The groundwater at PE-07, even though situated at the
plains seems to be mainly recharged at lower elevations, as the low altitude discharge sites.
Table 4. Stable isotope data (δ2H and δ18O) data (averages of triplicate measurements) for
ground waters from aquifers in León-Chinandega, sampled between April and May 2005,
predicted average recharge elevation and percentage of recharge below 280 masl assuming
the relations proposed by Payne and Yurtsever (1974).
Site (type of sample,
degree of
contamination,
sub-zone)
PP-05 (drilled well,
pristine, high altitude
recharge zone)
MA-02 (spring,
moderately polluted,
plains)
PE-01 (dug well,
heavily polluted,
plains)
PE-07 (dug well,
heavily polluted,
plains)
PI-01 (piezometer,
moderately polluted,
low altitude discharge
zone)
PE-06 (dug well,
pristine, low altitude
discharge zone)

(‰)

Average
recharge
altitude
(masl)

Percentage
recharge
< 280
masl

-46.42

-6.93

500

20

-42.73

-6.53

350

50

-43.66

-6.52

350

50

-42.82

-6.09

175

85

-40.84

-6.20

215

75

-42.62

-5.93

110

98

2
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δ HV-SMOW
(‰)

δ OVSMOW

The isotopic composition and the estimated recharge elevation agrees with that in
earlier work (Payne and Yurtsever, 1974); (Dahlberg and Odebjer, 2002; Delgado, 2003).
Delgado (2003) noticed that the isotopic composition in precipitation varied monthly,
seasonally and annually, whereas groundwater data represented a mix and a long-term
average of several years of precipitation events. Delgado (2003) also combined data on stable
isotopes in the area from 1974 until 2002 and found a trend of isotopic depletion with
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increasing altitude. She also estimated the average recharge elevation for the piezometer (PI01) to 700 m (17 and 1140 m). The difference probably comes from her averaging of three
piezometer nests located at different depths and our single estimation from the deepest nest.
b. Apparent age of waters
Table 5. Chlorofluorocarbon age data for ground waters sampled from aquifers in LeónChinandega between April and May 2005. The apparent age refers to the amount of time
elapsed between the apparent recharge date and the collection date. The recharge temperature
was assumed to be equal to i) the estimated average air temperature at the main recharge zone
(27 ºC) for all sites (in bold), and to ii) the temperature measured in the ground waters at
sampling (28–34 ºC).
Site (type of
sample, degree of
contamination,
sub-zone)
PP-05 (drilled
well, pristine, high
altitude recharge
zone)
MA-02 (spring,
moderately
polluted, plains)
PE-01 (dug well,
heavily polluted,
plains)
PE-07 (dug well,
heavily polluted,
plains)
PI-01 (piezometer,
moderately
polluted, low
altitude discharge
zone)
PE-06 (dug well,
pristine, low
altitude discharge
zone)

Average
apparent
age
(years)
23.8a
22.0a

Apparent recharge year

Apparent age (years)

CFC-11 CFC-12 CFC-113
1976.0 1980.5 1982.0
1977.5 1982.5 1983.5

CFC-11 CFC-12 CFC-113
29.0
24.5
23.0
27.5
22.5
21.5

1975.5 1980.0
1978.5 1984.0

1984.0
1986.0

29.5
26.5

25.0
21.0

21.0
19.0

23.0a
20.0a

1975.0 1977.5
1977.0 1981.0

1985.5
1987.0

29.5
28.0

27.5
24.0

19.5
18.0

28.5b
26.0 b

1972.5 1989.0 C
1973.5 modern C

32.5
31.5

16.0
<5

C
C

16.0c
< 5c

1959.0 1983.0
1960.0 1986.5

1982.0
1983.5

46.0
45.0

22.0
18.5

23.0
21.5

22.5a
20.0a

1957.0 1976.0
1957.5 1977.0

C
C

48.0
47.5

29.0
28.0

C
C

29.0c
28.0c

C Contaminated because CFC concentration was above 2005 air equilibrium
a
Average apparent age derived from CFC-12 and CFC-113 ages
b
Average apparent age derived from CFC-11 and CFC-12 ages
c
No average age calculated and apparent age relied upon CFC-12 age

Apparent ages of the groundwater samples ranged between 16 and 48 yr, with CFC11 ages older (2–23.5 yr) compared to the reference CFC-12 ages and the CFC-113 ages
generally younger (1.5–8 yr) (Table 5). Two sites, the PE-06 and the PE-07, had CFC-113
concentrations above atmospheric solubilities at the time of sampling and considered as
contaminated. After averaging the two most reasonable apparent ages when possible, usually
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CFC-12 and 113 derived ages, the range of ages was reduced to between 16 and 29 years.
The groundwater from the drilled well was not the oldest (24 yr) but from the two dug wells
(~ 29 yr) located at the plains (PE-01) and in the low altitude discharge area (PE-06), and the
youngest (16 yr) was from PE-07 at the plains. The same pattern was reproduced when the
apparent age was calculated using the in situ groundwater temperature at each site, but the
ages were 0.5 to 4 years lower due to the temperature effect on the solubility of CFCs, but for
the PE-07 that became even younger (< 5 y)
The age pattern may have some potential explanations. First, the higher ages
calculated from CFC-11 compared to CFC-12 and CFC-113 may be explained by its higher
susceptibility to microbial degradation, although usually linked to anaerobic conditions or
DO concentrations < 0.5 mg L-1 (Busenberg and Plummer, 1992; Böhlke and Denver, 1995;
Cook et al., 1995; Bockgård et al., 2004). In our case, the most important potential
degradation of CFC-11 should be at the low altitude discharge sites and at the PE-07 (40–50
%), because of the oxygen-poor conditions (0.4–1.8 mg L-1 DO, Appendix Table 3), but some
potential CFC-11 degradation may also occur at the recharge site (16 %) and at the plains (7–
15 %). The CFC-113 ages when determined, were in good agreement with the CFC-12 ages
(5–15 %), except at the PE-01 where they differed by 9 yr.
Second, the groundwater at the drilled pristine well (PP-05) seems young partly
because the time required for water to infiltrate through the unsaturated zone (travel time) is
not included in the CFC-determined age. That time is usually unimportant for thin
unsaturated zones (< 10 m), but significant for thick (Johnston et al., 1998). Information
given by pump workers at the site suggests that the thickness of the unsaturated zone at this
site was around 100 m. This groundwater was also the most depleted and according to the
δ18O content, it was recharged predominantly at mean elevations at least 150 m higher than
the sites located at the plains. Moreover, this groundwater was the only one of the
hydrochemical type Mg/Ca–HCO3 (Appendix Table 2), with high electric conductivity and
the highest content of Mg, Na, K and SO4. Usually, groundwater associated with deeper,
older systems has higher electrical conductivity than shallower, younger water because of the
longer flow paths and contact times (Focazio et al., 1998). This groundwater also contained
relatively low nitrate concentrations (Appendix, Table 2), and no organochlorines were
detected (Appendix, Table 1), so we classified it as pristine and as a reference to the impact
of agricultural contamination. Groundwater from another drilled well located at 280 masl had
a similar δ18O (-7.0 ‰) as PP-05 (Payne and Yurtsever, 1974) and estimated to be 40 years
old in 1970 based on tritium data (Calderón Palma, 2003). If this is the case, we were
probably just tracing part of the flow path of this groundwater. We cannot exclude the
possibility that the deep groundwater was mixed with young groundwater or air enriched in
CFCs during pumping, since this was the only site that was not sampled with peristaltic
pumps adjusted to discharge low flows to disturb groundwater samples as little as possible.
Third, the youngest apparent age calculated for the PE-07 may be due to a high turn
over of water, since the well is located in the middle of irrigated sugar cane fields. This
would also explain the odd isotopic signature compared to the other sites at the plains,
including a relatively high contribution of waters recharged at lower elevations. The
hydrochemical data also places it together with the other sites at the plains, with low electric
conductivity and similar ion concentrations (chloride, sulfate, sodium) (Appendix, Table 2).
This high turnover may also explain the reduction and even disappearance of some OCl
contaminants in the past few years when the data in Dahlberg and Odebjer (2002) are
compared with ours in 2005 (Appendix, Table 1). For example, we did not detect any
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toxaphene that was the main OCl contaminant (117 ng L-1) at the site in 2002, and the
concentrations of β-BHC, endrin, and dieldrin were lower and even below detection limits for
aldrin.
Accurate groundwater ages determined from CFC content are usually only possible to
obtain for the limiting case of piston flow and for water recharged in the period 1955 to 1995
(Busenberg and Plummer, 1992). In our case we have a heterogeneous system with a
significant mixing of waters of different proveniences (18O data) and probably of different
ages, hence these CFC derived ages should be considered as minimum ages. Additional
environmental tracers (e.g., tritium) should be useful to discriminate between potential
sources of error in the CFC derived ages.
c. pp'-DDE biodegradation and glyphosate mineralization
All samples degraded pp'-DDE at high rates (Table 6). Data sets of pp'-DDE
concentrations presented significant differences when the polluted sites were compared to the
reference pristine site (p=0.000), and between each other (p=0.000). This was expected since
the initial concentrations of pp'-DDE in the raw ground waters were different due to the
gradient of in situ concentrations (from pristine to heavily polluted). The degradation rates
were (10–20 %) higher at the contaminated sites (MA-02 and PE-01) than at the pristine site
(PE-05), but the differences were insignificant (p=0.287–0.733).
The 14C-glyphosate was mineralized at low rates in all three waters (Table 6). The
potential degradation of 14C-glyphosate was significantly different in samples from the
polluted sites compared to the reference pristine site (p=0.000–0.001), and significantly
different to each other (p=0.000). The slopes of the regression lines in the polluted sites were
significantly different to the one of the reference site (p=0.000–0.040), indicating
significantly higher degradation rates (20–65 %) and concomitant lower half-lives (90–200
days) for MA-02 and PE-01, respectively.
The doubling times (Dt, days) and doubling rates (day-1) for 14CO2 production from
metabolism of 14C-glyphosate were 9 and 8×10-2 for the pristine site, 8 and 9×10-2 for the
moderately polluted spring, and 7 and 10×10-2 for the heavily polluted sites, respectively. The
added 14C-glyphosate was mineralized significantly (p=0.000) from the first day of
incubation (0.2––0.6 %) until achieving 4–6 % cumulated 14CO2 evolution after 20 days. The
polluted sites (MA-02 and PP-01) had higher significant CO2 accumulation (p=0.000–0.024)
than the reference pristine site (PP-05) and were significantly different from each other
(p=0.000). The slopes of the regression lines of log [cumulated 14CO2 produced] data
(doubling rates) in the polluted sites were significantly different to the one of the reference
site (p=0.000–0.002), indicating higher specific doubling rates (15–25 %) and concomitant
lower doublings time (1.1–1.7 days) for MA-02 and PE-01, respectively.
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Table 6. Average potential first order rate constants (k), half-lives (t½), correlation
coefficients and significance of linear regressions for aerobic pp'-DDE biodegradation and
14
C-glyphosate mineralization in ground waters from León-Chinandega. The biodegradation
rates were calculated from the slopes of the regression lines in plots of ln [remaining pp'DDE after correction for abiotic degradation] versus time of incubation (0-21 days). The
water was spiked with 1 ng L-1 of pp'-DDE and sets of two replicates per sampling day and
site were sacrificed five times during the incubation, along with an abiotic control. The
mineralization rates were calculated from the slopes of the regression lines in plots of ln [14Cglyphosate remaining after subtracting the cumulative 14C-CO2 evolved] versus time of
incubation (0-20 days). The ground waters were initially spiked with 4-6 µg L-1 of 14Cglyphosate in sets of three replicates that were sampled seven times during the incubation.
Site (type of
sample, degree of
pollution)
PP-05 (drilled
well, pristine)

14

C-glyphosate
k (day-1)
t½ (days)

pp'-DDE
t½ (days)
k (day )
-1

0.0219
(r2=0.8826)*

32

MA-02 (spring,
moderately
polluted)

0.0239
(r =0.8713)*

29

PE-01 (dug well,
heavily polluted)

0.0279
(r =0.9159)*

25

2

2

0.0014
(r2=0.9798)
*
0.0017
(r2=0.9931)
*

495

0.0023
(r =0.9904)
*

301

2

408

pp'-DDE is considered persistent in surface aquatic environments of the study area
(Carvalho et al., 1999) as in other tropical or subtropical environments (Carvalho et al., 2002)
because of the relatively low contribution of its dechlorination metabolite DDMU (1-chloro2,2-bis(4’-chlorophenyl)ethane) to the DDT pool. The fast degradation in our assays may
come from the release of pp'-DDE from the low bioavailability under field conditions due to
sorption to aquifer material (Van Straalen and Løkke, 1997; Washington, 2001). In bioassays,
chemicals are usually added freshly to the substrate, while in the field, equilibrium is
established over a long period of time, and extrapolation is only valid only when the
bioavailable concentration is constant (Van Straalen and Løkke, 1997). However, rate
estimates with groundwater samples without aquifer material may be useful to determine the
potential for contaminant degradation and potential differences in degradation at different
sites, and whether microbial populations are better adapted for contaminant degradation at
contaminated sites than at uncontaminated (Anderson, 1997 and references therein).
The degradation rates were much lower and the half-lives much longer when the the
disappearance of glyphosate was calculated from mineralization (CO2 evolution) than from
disappearance of the parent compound in river and ground waters (t½=2.5–32 d)
(Goldsborough and Brown, 1993; Mallat and Barceló, 1998). The difference is
methodological dependent, and Fomsgaard (1995) recommended that both CO2 evolution and
disappearance of the parent compound are measured. As an example, Helweg (1993) found
that half of the herbicide mecoprop had disappeared but only 12 % was mineralized.
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Evolution of CO2 expresses the ultimate or total biodegradation, which is supposed to be the
“real degradation”, and is the basis of the regulatory requirements on biodegradability of
industrial chemicals (OECD, 2006). But 100 % of a compound may not necessarily be
mineralized since some metabolites of degradation may be used directly for cell growth (De
Henau, 1993), especially in a nutritious compound as glyphosate. Moreover, AMPA is the
most commonly detected metabolite over sarcosine in soils, probably because the former is
strongly sorbed through the phosphonate group and protected against microbial degradation
(Borgaard and Gimsing, 2008 and references therein).
Independent of the methodological problems detected in the bioassays, the patterns of
the potential biodegradation rates were the same, and the most heavily polluted site had the
highest potential, the moderately polluted an intermediate capacity and the reference pristine
site, the lowest. This implies that the shallow ground waters (< 10 m) had higher microbial
activity or higher capacity to use the pesticides than the groundwater from the pristine deep
aquifer (~100 m). In general, the microbial activity is expected to be higher in shallow
aquifers compared to deep pristine aquifers, and that degradation occurs more readily at sites
previously exposed to the substrate due to adaptation (Cavalier et al., 1991; Anderson, 1997).
This higher capacity to degrade glyphosate in polluted sites was also observed by Kools et al.
(2005) who introduced the idea of using the degradation rate as an indicator of ecosystem
health to test the effects of heavy metal pollution on soils. Aamand et al. (1989) used the
length of the lag phase to show that the bacterial community at a heavily polluted well had a
higher degree of adaptation to hydrocarbon degradation than the community from a less
polluted.

d. Potential nitrification and denitrification
The rates of ammonia disappearance were 10 to 80 % higher at the polluted sites than
at the reference site (PP-05) but significantly different (p=0.001–0.048) only during the last
five days of incubation and decreased repeatedly and significantly with incubation time
(p=0.000–0.041) (Table 7). The highest, significantly different disappearance rates (p=0.024–
0.036) were measured at the moderately polluted spring and the lowest at the heavily polluted
dug well (p=0.666–0.693). However, the polluted sites were significantly different to each
other (p=0.014–0.020). The ammonia disappearance at the spring was characterized by a
biphasic pattern with a first phase (0–4 days) of low rate (13 µg NH4-N L-1 d-1) (data not
presented) and a second phase (4–8 days) of high rate (98 µg NH4-N L-1 d-1).
The potential ammonia oxidation rates were significantly (p=0.018) higher (28–30×)
at the moderately polluted spring site (MA-02) than at the pristine reference site (PP-05)
(Table 7). The heavily polluted had the lowest rate (40 %) (p=0.378). The polluted sites had
significantly different oxidation rates (p=0.006). Nitrites production started to be significant
after three days of incubation (p=0.000–0.008). All sites had four days lag phases (data not
presented).
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Table 7. Potential nitrification rates, ammonia oxidation rates, nitrites oxidation rates,
correlation coefficients and significance of linear regressions of ground waters initially
amended with 400 µg L-1 of NH4-N. The rates were calculated from the slopes of the
regression lines in plots of NH4-N disappearance (nitrification), NO2-N production (ammonia
oxidation), or NO3-N production (nitrites oxidation) versus time of incubation (days) of data
partitioned into two periods. Average of three replicates per site is shown.
Site (type of
Nitrification rates
sample, degree of (µg NH4-N L-1 d-1)
pollution)
39 (r2=0.7967)* (0-8 d)
PP-05 (drilled
well, pristine)
2
MA-02 (spring,
moderately
polluted)
PE-01 (dug well,
heavily polluted)

Ammonia oxidation
rates (µg NO2-N L-1 d-1)

Nitrites oxidation rates
(µg NO3-N L-1 d-1)

0.9 (r2=0.6158)* (0-8 d)

13 (r2=0.3480)* (0-9 d)

54 (r =0.6361)* (4-8 d)

1.9 (r2=0.7045)* (4-8 d)

28 (r2=0.4858)* (4-9 d)

50 (r2=0.7888)* (0-8 d)

28 (r2=0.7127)* (0-8 d)

13 (r2=0.0926) (0-9 d)

98 (r2=0.9287)* (4-8 d)

56 (r2=0.9004)* (4-8 d)

34 (r2=0.1521) (4-9 d)

35 (r2=0.6909)* (0-8 d)

0.6 (r2=0.3218)* (0-8 d)

19 (r2=0.1907)* (0-9 d)

49 (r2=0.4613)* (4-8 d)

1.1 (r2=0.2745)* (4-8 d)

22 (r2=0.0669) (4-9 d)

The potential nitrites oxidation rates were not significantly different between the sites
(p=0.432–0.842), and significant nitrate production was only detected in the last two days of
incubation (p=0.020–0.047). This lack of statistical significance in the rates could be partially
explained by the very poor temporal correlation of NO3 production data, especially for the
two polluted sites (see correlation coefficients) (Table 7). They had relatively high
measurement uncertainties (~ 155 µg L-1, calculated as suggested in NMKL 1997) associated
with their relatively high initial nitrate concentrations (Appendix, Table 2) that accounted for
~ 40 % of the total expected NO3-N production (400 µg L-1). Higher initial NH4-N
concentrations (> 1 mg L-1) would have been needed to detect differences in nitrite oxidation
between sites. The reference site had a relatively low analytical uncertainty for the nitrate
data (0.01 µg L-1), but still a poorer regression than ammonia disappearance and nitrite
production.
The pattern for nitrogen nitrified via the two phases (ammonia vs. nitrites oxidation) it
was different between the sites. For example, a small percentage (< 2 %) seemed to be
nitrified via ammonia oxidation (see rates) in the PP-05 and the PE-01, while about 55 % was
nitrified at the spring. Hence, most probably the bulk of the disappeared ammonia (> 70 %) in
the former sites was directly nitrified to nitrates.
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Table 8. Average indigenous (D14), and potential (Dtotal) denitrification rates in nM N d-1 and
standard deviation measured with the isotope pairing technique after two days of incubation
in groundwater samples from the study area. The samples were incubated in the dark and
initially supplemented with 3 µM 15NO3. The rates were calculated as described in Nielsen
(1992) and average of four replicates per site is shown.
Site (type of
In situ
sample, degree of 14NO3
(µM)
pollution)
PE-06 (dug well,
pristine)
103
MA-02 (spring,
moderately
polluted)
PI-01
(piezometer,
moderately
polluted)
PE-07 (dug well,
heavily polluted)

Denitrification rates (nM N day-1)
D14

D15

Dtotal

4.6 ± 0.4

4.0 ± 0.1

8.6 ±0.5

444

2.8 ± 0.2

3.1 ± 0.1

6.0 ± 0.2

95

6.4 ± 1.1

5.3 ± 0.7

11.7 ± 1.8

71

4.2 ± 0.4

4.1 ± 0.6

8.3 ± 0.9

The indigenous and potential denitrification were very low for all sites but higher at
the moderately polluted piezometer (40 %), intermediate at the heavily polluted site (<10 %),
and lower at the moderately polluted spring (60 %) than at the pristine reference site (Table
8). The samples were incubated in time series ranging from two to twenty days, because we
expected a lag phase and low rates as is commonly seen in water column experiments
(Kristiansen and Schaanning 2002). But when data on 14N15N excess versus time of
incubation were plotted, we realized that all data sets had an increase at the beginning of the
assays and then a drop so the indigenous and potential denitrification rates may be
underestimated and only the higher calculated rates are presented (after two days of
incubation). The spring (MA-02) that is not located in the discharge area, but sometimes
presented low oxygen conditions, was tested just for comparison of denitrifying activity
between the plains and the discharge area.
It is not possible to compare rates of nitrification and denitrification in other studies
because they are usually given in units per area. For both processes, groundwater from the
moderately polluted sites MA-02 (nitrification) and PI-01 (denitrification) had the highest
rates, and the heavily polluted sites PE-01 (nitrification) and PE-07 (denitrification) had the
lowest rates. The three sites located at the discharge area presented higher denitrifying
activity than the spring (MA-02) which coincides with lower in situ NO3 concentrations in
the former sites. Denitrification was less affected by pollution than nitrification, probably
because the most polluted site in the denitrification bioassays (PE-07) was less polluted than
the most contaminated in the nitrification bioassays (PE-01) which was the only site polluted
with toxaphene (Appendix, Table 1). Toxaphene is known to inhibit ammonia oxidation (>25
%) at 12× lower application rates (kg/ha) than dieldrin, DDT and endrin that were the other
OCls at both sites (Stevenson, 1982). Delgado (2003) noted a decrease in nitrate levels with
depth in the piezometer (PI-01), and a correlation between inorganic nitrogen and redox
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measurements (Eh and DO) indicating in situ denitrification, which agrees with our finding of
the highest indigenous and potential rates at the site.
4. Conclusions
I.

Both the pristine deep aquifer and especially the shallow polluted aquifer have
degradation potential for DDE and glyphosate, and the contaminated site may
have strains adapted for faster degradation.

II.

Moderate pollution did not inhibit nitrification and denitrification.

III.

The most contaminated groundwater inhibited nitrification, most probably due to
the presence of toxaphene.

IV.

Degradation of CFC-11 was detected mainly in the discharge area and most likely
due to poor oxygen conditions, but some was also detected in the plains.

V.

The isotopic composition of groundwater has a relatively low temporal variation
when compared with data from other studies, and there was a trend of isotopic
enrichment with decreasing altitude.

VI.

The persistence of the in situ pollutants is not explained by the apparent age of
water or the provenience.

VII.

A combination of age tracers should be used to resolve the age distribution in the
area due to the complexity of flow paths and mixing of waters.
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Appendix: Tables
Table 1. Organochlorine pesticides and metabolites concentrations (ng L-1) found at heavily
(PE-01, PE-07) and moderately (MA-02, PI-01) polluted sites, type of groundwater, and
localization in sub-zones of the study area. PP-05 (drilled well, recharge) and PE-06 (dug
well, discharge) were analyzed but no organochlorines were detected and hence the ground
waters were assumed as pristine.
Site/Pesticide or PE-01 (dug
metabolite
well,
plains)
Toxaphene
ß-BHC
Endrin
pp'-DDT
pp'-DDD
Dieldrin
Aldrin
pp'-DDE
a

MA-02
(spring,
plains)

145a
283–329c
75a
11.2a
8.2–9.3c
7.4–9.1c
11.4a
6.6–7.1c
4.4a
3.1c
0.9a
1.6c
2.5a
2.1–2.4c

Dahlberg and Odebjer (2002)

b

9.6c
c

1.5–2.8
c

1.5

c

1.0–1.3

Delgado (2003)
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PE-07
(dug
well,
plains)
117a
30a
2.9c
23a
2.1c
2.6a
15.6c
6.9a
2.5c
4.2a
0.6c
0.6a
1.5a
1.2c
c

PI-01
(piezometer,
discharge)
77b

4.1b
5.9b
6.6c
1.5b
0.2c

This study (2005)

Table 2. Hydrochemical type and ranges in ambient values and concentrations of important
physico-chemical parameters in ground waters of the six study sites.
Site/type
Parameters

pH
Temperature
(º C)
Dissolved
oxygen
(mg L-1)
Electrical
conductivity
(µs cm-1)
Calcium
(mg L-1)
Magnesium
(mg L-1)
Total
alkalinity
(mg L-1)
Sodium
(mg L-1)
Potassium
(mg L-1)
Dissolved
silica SiO2
(mg L-1)
Chloride
(mg L-1)
Sulfate
(mg L-1)
NO3-N
(mg L-1)

PP-05
Mg/Ca
HCO3
(recharge)

MA-02
Ca
HCO3
(plains)

PE-01
Ca/Mg
HCO3
(plains)

PE-07
Ca/Mg
HCO3
(plains)

PI-01
Ca /HCO3
(discharge)

PE-06
Ca/Mg
HCO3
(discharge)

6.50–6.98

6.52–6.80

6.48–6.87

6.70–6.89

7.16–7.50

6.66–6.77

28–30

33–34

30–32

29–31

31–32

30

4.7–5.0

<0.2–5.8

5.1–6.2

1.0–1.8

0.6–0.8

0.4–1.0

745–766

409–465

315–414

434–450

750–768

638–735

54

40

27

40

100

54

39

14

11

21

26

24

291–302

146–152

102–110

185

317

199

45

28

14

18

21

37

14

9

9

5

7

4.5

95

104

96

79

88

71

30–31

14

12–16

13

50

54

74

26

18–19

29

42

54

1.0–1.8

1.3–1.4

1.3–1.4

1.2–1.8

3.7–6.4

6.3–9.9
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Table 3. Ranges in ambient values and concentrations of redox species and nutrients in
ground waters of the six study sites.
Site/
Parameters

PP-05
(recharge)

MA-02
(plains)

PE-01
(plains)

PE-07
(plains)

PI-01
(discharge)

PE-06
(discharge)

ORP (mV)
Dissolved
oxygen
(mg L-1)
Dissolved
organic carbon
(DOC) (mg L-1)
Total nitrogen
(mg L-1)
NO3-N
(mg L-1)
NH4-N
(µg L-1)
NO2-N
(µg L-1)
Ortophosphate
PO4-P (µg L-1)

207–371

220–228

207–210

234

232

228

4.7–5.0

<0.2–5.8

5.1–6.2

1.0–1.8

0.6–0.8

0.4–1.0

0.3–2.1

<0.3–1.0

0.5–2.1

<0.3–2.4

0.3–3.2

<0.3–2.4

1.4–1.8

6.2–6.7

6.5–10.2

1.0–1.8

1.4

1.5

1.2–1.8

3.7–6.4

6.3–9.9

1.0–1.8

1.3–1.4

1.3–1.4

8–140

6–180

6–130

2–40

8–40

5–60

4–8

4–11

9

ND

5–9

5–6

100–103

87–154

91–96

22

45

25

ND–40

ND–90

ND–10

10–40

ND

10

34–38

26–34

20–33

42–43

57–120

81–281

Fe2+
(µg L-1)
Mn2+
(µg L-1)

21
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